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Sébastien Sauvé3 and Domy Adriano4

1Colegio de Postgraduados, Carr. México‐Texcoco km 36.5,
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ABBREVIATIONS

TE Trace Elements

EPA Environmental Protection Agency

CEC Cation Exchange Capacity

DOM Dissolved Organic Matter

OM Organic Matter

EDTA Ethylenediamine Tetracetic Acid

NTA Nitrilotriacetate

I. INTRODUCTION

Trace elements, hereafter referred to as TEs, are a major group of contami-

nants worldwide arising from natural and anthropogenic sources. In the mod-

ern era, the anthropogenic sources arising primarily from industrialization have

assumed paramount importance in the quality and sustainability of ecosystems

(Adriano, 2001). Themain anthropogenic sources include mining and smelting

of metallic ores, combustion of coal and other fossil fuels, use of pesticides

in agriculture and timber industry, manufacturing, landfills, and so on.

While certain TEs have essential biological functions in plant, animal,

and human nutrition (such as the essential micronutrients Fe, Zn, Cu, Mn,

Mo, and B in plant nutrition and Se, Cr(III), Ni, and so on in animal and

human nutrition), others (such as Cd, Hg, Pb, and to a large extent As) have

no known biological functions whatsoever (Adriano et al., 2004). In fact,

Cd, Hg, Pb, and As are on the EPA’s list of priority pollutants because of

their widespread and intense occurrence at waste sites and their known

detrimental eVects on ecological and human receptors (EPA, 1995).

The importance of TEs in soils depends largely on their fraction that has

immediate biological function, that is, the fraction of the total soil burden

that is soluble, mobile, and bioavailable. The nature and extent of mobility

and bioavailability underlines the integrity and sustainability of a particular

environment and in particular, the role of TEs in the functioning and well‐
being of an ecological endpoint (Allen, 2002; NRC, 2003). In an impacted

ecosystem, the potential risks of TEs to ecological and human receptors

largely depends on several factors, which primarily include site and waste

characteristics, source term and chemical properties of the contaminants

including chemical speciation, geo‐hydrological characteristics of the site,
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diversity of ecological receptors, and climate. These factors, to a large extent,

influence the magnitude and intensity of solubility, mobility, and bioavail-

ability of TEs. Thus predicting mobility and bioavailability of TEs in the soil

environment is critical yet quite complicated. Generally, a TE in soil has to

be mobile before it can become bioavailable to plants and other soil biota.

As indicated earlier, contaminants, such as TEs, need to be mobile and

bioaccessible to organisms to be beneficial or detrimental, they would also

need to be mobilized to eventually reach a surface body of water or to be

leached to underlying ground water. It then appears that, generally speaking,

to be of any consequence to ecological receptors, a TE should have a distinct

characteristic of being mobile first and secondly of being bioaccessible and/or

bioavailable to organisms (Semple et al., 2004). These processes and their

associated mechanisms underline the thrust of biogeochemical cycling of TEs

in the environment.

This chapter covers the basicmechanisms in the solubility andmobility of the

TEs in the soil, including their movement in the soil profile, the entire vadose

zone and the eventual leaching to the ground water. In essence the mechanisms

influencing the extent of TE partitioning between the soil’s solid and aqueous

phases are elucidated in Section II. This leads to the various transport pathways

(Section III) in soil responsible for disseminating TEs in the form of gaseous

(volatilization), aqueous (soluble solute), colloids, and particulate matter. Then

themost pertinent factors influencing the partitioning andmovement of TEs are

discussed. And finally, transport modeling of the most environmentally impor-

tant TEs (Section V) and their applications (Section VI) typified by field case

studies are illustrated. Transport modeling in the vadose zone is emphasized.

II. MECHANISMS OF TRACE ELEMENT MOBILITY

There are basic physical, chemical, and biological processes that control

mobility of TEs in soils. The first major group can be lumped into physico-

chemical processes (see in a later section) that promote and regulate mechan-

isms such as solubility and precipitation, adsorption, complexation, and

occlusion/encapsulation. The processes that sequester TEs can be grossly

termed sorption which, to a large extent, determines the partitioning

between the solid and solution phase. These processes can be expected to

predominate in severely metal‐contaminated soils as biological processes

could be limited by the toxicity of the metals of concern.

A. PHYSICOCHEMICAL PROCESSES

The majority of TEs in soils usually occur in association with the solid

phase, where they can be bound to the surface of the soil’s solids, or they can
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be precipitated as various minerals or simply be coprecipitated within

various forms. For most TEs, only a small portion is dissolved in the

soil solution; most of the dissolved TE is bound to organic acids in the soil

solution, the remainder being distributed as inorganic ion pairs and free

ions. This free ion pool is usually quite small relative to the other TE pools,

but it is the most reactive, chemically and biologically. Thus it is critical in

understanding the mobility, transport, and fate of TEs in soils.

Figure 1 illustrates the implications of fractionation and speciation ofCd in a

hypothetical soil contaminatedwith 1mgCdper kilogramdry soil with a pHof

5. The proportion of Cd atoms is correctly scaled to represent the relative

importance of the various metal pools. The actual occurrence of

Cd associated with the solid phase is clearly predominant (e). Furthermore,

the importance of complexation with organic ligands (m) or the formation of

inorganic ion‐pairs (h) shows that a tiny proportion of the Cd in this soil

actually occurs as free Cd2þ in solution (w) while most of it is not very reactive.

This figure illustrates vividly that the proportion of the TE bound to the solid

phase predominates in this system. When the pH is elevated from 5 to 7 there

would be about 100‐fold more Cd on the solid phase. If Pb, generally an

immobile TE, is substituted for Cd, a relatively mobile TE, the binding to the

solid phase would also be about a 100‐fold stronger (cumulative with any pH

eVects, e.g.,�104 times strongerbindingby changingCd inFig. 1 toPbatpH7).

Figure 1 Fractionation and speciation of Cd in a hypothetical soil contaminated with 1 mg

Cd kg�1 dry soil at pH 5. The distribution of Cd atoms is proportionally scaled to represent the

relative importance of the various metal pools; bound to the solid phase (e), complexed with

organic ligands (m), associated with inorganic ion‐pairs (h), or occurring as free Cd2þ in

solution (w). Adapted from Sauvé (2003a).
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The diagram (Fig. 1) illustrates the eVect of solution pH and type of the element

on the chemical speciation of the TE in question, providing some insight as to

the potential mobility of that element.

1. Mineral Solubility and Precipitation

Soils can be viewed as a mixture of discrete aluminosilicate minerals,

precipitated minerals, and partially decomposed and transformed organic

matter residues. Within the soil solution phase, anytime a chemical element

exceeds its solubility for a given compound, this mineral could precipitate.

Likewise, when the solution concentration of a given component of the

mineral phase is below its chemical equilibrium concentration, it could

dissolve until the concentration increases to attain this equilibrium concen-

tration. The dissolution–precipitation process, depending on a myriad of

factors, can be expected to be slow in most cases.

It is not uncommon for minerals to first precipitate as amorphous materi-

als, then undergoing slow transformation to a more crystalline form. Copre-

cipitation of TEs can easily occur within the newly formed matrix of

common soil components such as carbonates, hydroxides, phosphates,

metal (Fe, Mn, and Al) oxides, and others. These reactions can be expected

to occur commonly in soils and can be considered as major mechanisms to

sequester TEs, limiting their mobility and bioavailability to biota. For

example, in alkaline, calcareous soils, TEs can be occluded in the carbonate

phase (Adriano, 2001); in highly fertilized agricultural soils, TEs can be

sequestered when they coprecipitate with phosphates; and in highly weath-

ered oxidic soils, TEs can be immobilized by the metal oxides. Combined,

these sequestration processes could induce an attenuation of metals to levels

considered acceptable by regulatory standards by virtue of decreased risk

(Adriano, 2001). However, in heavily contaminated soils significant propor-

tions of the total TE mass can be solubilized and eventually mobilized, or

simply occur as TE‐based mineral phase. A classic example is the occurrence

of Pb pyromorphite, a highly stable, immobile mineral in soils heavily

contaminated with Pb in the presence of phosphate (see also Section IV.D).

The solubility of standard mineral forms is much easier to evaluate and

predict than the interaction with coprecipitating minerals. The data needed to

evaluate the solubility of TEs are, for the most part, available in the literature

and the principal mineral forms for some often‐observed TEs are compiled in

Table I. It is easy to use these compiled constants in evaluating the extent of

solubility of the mineral forms of a given TE in a contaminated soil.

Figure 2 illustrates this for Cd, Cu, and Pb where the dots represent

experimentally measured free metal ion activities and the lines the equilib-

rium concentrations for various TE minerals in an oxidic soil. For the Cd‐
contaminated soils in this figure, in all cases, the free Cd2þ activities in the
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soil solution are much below the potential chemical equilibrium; thus it is

clear that the solubility and mobility of Cd in soils is not controlled by

chemical solubility equilibrium with a mineral phase. Rather the various

sorption or coprecipitation mechanisms could control the solubility of Cd.

The case for Cu is somewhat intermediate, with most of the soil data well

below the solubility equilibrium of potential mineral phase, except for the

most critically contaminated soils where few samples close or above the least

soluble mineral form are represented by a set of soils contaminated with

more than 10,000 mg Cu kg�1 dry soil. It indicates that only in the case of an

extreme contamination is a mineral phase likely to control Cu solubility. In

the case for Pb, quite a few points are clustered around the solubility line for

chloropyromorphite (PO5(PO4)3Cl) given that some of these soils are con-

taminated with only 1000 mg Pb kg�1 dry soil. This implies that mineral

solubility could, in some situations, control the solubility of Pb in contami-

nated soils. Indeed, chloropyromorphite formation has been observed

in contaminated soils (Ryan et al., 2004) and can actually be used to limit

Table I

Selected Chemical Equilibrium Constants for Various Cd, Cu, and Pb Mineralsa

Equilibrium reactions log K

Cd minerals

b� CdðOHÞ2ðcÞ þ 2Hþ , Cd2þ þ 2H2O 13.74

CdCO3ðoctaviteÞ , Cd2þ þ CO2ðgÞ þH2O 6.16

CdOðmonteponiteÞ þ 2Hþ , Cd2þ þH2O 15.14

CdSO4ðcÞ , Cd2þ þ SO2�
4 �0.11

CdSO4 � 2CdðOHÞ2ðcÞ þ 4Hþ , 3Cd2þ þ SO2�
4 þ 4H2O 22.65

Cd3ðPO4Þ2ðcÞ þ 4Hþ , 3Cd2þ þ 2H2PO
�
4 1.00

CdSiO3ðcÞ þ 2Hþ þH2O , Cd2þ þH4SiO
0
4 7.63

Cu minerals

CuðOHÞ2ðcÞ þ 2Hþ , Cu2þ þ 2H2O 8.68

CuCO3ðcÞ þ 2Hþ , Cu2þ þ CO2ðgÞ þH2O 8.52

Cu2ðOHÞ2CO3ðmalachiteÞ þ 4Hþ , 2Cu2þ þ CO2ðgÞ þ 3H2O 12.99

Cu3ðOHÞ2ðCO3Þ2ðazuriteÞ þ 6Hþ , 3Cu2þ þ 2CO2ðgÞ þ 4H2O 19.59

CuOðtenoriteÞ þ 2Hþ , Cu2þ þH2O 7.66

Cu4ðOHÞ6SO4ðbronchantiteÞ þ 6Hþ , 4Cu2þ þ SO2�
4 þ 6H2O 15.35

Cu3ðPO4Þ2 �H2OðcÞ þ 4Hþ , 3Cu2þ þ 2H2PO
�
4 þ 2H2O 0.34

Pb minerals

PbðOHÞ2ðcÞ þ 2Hþ , Pb2þ þ 2H2O 8.16

PbCO3ðcerussiteÞ þ 2Hþ , Pb2þ þ CO2ðgÞ þH2O 4.65

Pb2ðCO3Þ2ðOHÞ2ðhydrocerussiteÞ þ 6Hþ , 3Pb2þ þ 2CO2ðgÞ þ 4H2O 17.51

PbOðredÞ þ 2Hþ , Pb2þ þH2O 12.72

PbSO4ðanglesiteÞ , Pb2þ þ SO2�
4 �7.79

PbHPO4ðcÞ þHþ , Pb2þ þH2PO
�
4 �4.25

Pb5ðPO4Þ3OHðhydroxypyromorphiteÞ þ 7Hþ , 5Pb2þ þ 3H2PO
�
4 þH2O �4.14

Pb5ðPO4Þ3ClðchloropyromorphiteÞ þ 6Hþ , 5Pb2þ þ 3H2PO
�
4 þ Cl� �25.05

aSources: Carroll et al., 1998; Lindsay, 1979.
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Comp. by: Skarthi Date:9/8/06 Time:18:52:56 Stage:1st Revises File Path://
Spsind002s/Production/PRODENV/0000000001/0000000942/0000000016/
0000088394.3D Proof by: QC by: ProjectAcronym:bs:AGRON Volume:91003

C
O
R
R
E
C
T
E
D
P
R
O
O
F

C
O
R
R
E
C
T
E
D
P
R
O
O
F

mobility and bioavailability of Pb in soils (Berti and Ryan, 2003; Ryan et al.,

2004).

In other words, when soils become heavily contaminated with metals,

metal solubility may reach a level to cause precipitation. In addition, precip-

itation may occur in the vicinity of phosphate fertilizer zone or in the vicinity

of carbonates and/or alkaline waste by‐products. In reducing environments

where the sulfide concentration is suYciently high, precipitation of TEs as

sulfides may have a significant role in metal dynamics.

2. Partitioning

The simplest means to represent partitioning of TEs between the solid–

liquid phases in soils is to use a Kd coeYcient. This is a gross expression of

TE interactions between phases. In other words, it is a result of the degree of

association or dissociation of the TE from the solid phase. The coeYcient is

usually expressed as the ratio of the sorbed metal on the solid phase relative

to the amount of dissolved metal present; therefore, the higher the Kd values

the higher the sorption to the solid phase and the lower the solubility.

Kd ¼ sorbed metal

dissolved metal

� �
ð1Þ

where sorbed metal is usually given in mg�kg�1 and dissolved metal in mg

liter�1, hence the units for Kd’s are in liter kg�1. Standard sorption experi-

ments that model metal sorption using a single‐value Kd approach presume

Figure 2 Soil solution mineral solubility equilibria for Cd, Cu, and Pb. The solid lines

represent the theoretical free‐metal ion activity maintained at equilibrium by various mineral

phases. The computations assume 0.005 M Cl�, 0.001 M SO4
2� and NO3

�, atmospheric CO2,

0.01 M Ca and PO4
3� solubility controlled by FePO4 below pH 5.6 and by Ca(PO4)3OH at

higher pH values. The dots represent actual electrochemical speciation measurements in field‐
collected contaminated soils (Sauvé, 1999; Sauvé et al., 1997a,b, 2000b). Reproduced from

Sauvé (2003b) pending permission.
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that the sorption capacity of a material is relatively independent of soil

physicochemical properties. However, the dependence of Kd’s on soil texture

and soil organic matter content is well recognized (Buchter et al., 1989;

Sauvé et al., 2000b, 2003) and attempts have been made to delineate data

into various soil textural categories (Sheppard and Thibault, 1990).

Although some default values are available for a large number of elements

(Anderson and Christensen, 1988; Buchter et al., 1989; Gooddy et al., 1995;

Sauvé et al., 2000b, 2003; Sheppard and Thibault, 1990), many values had to

be estimated from plant/soil/solution relationships which rely on simplified

assumptions (Sheppard and Evenden, 1988; Sheppard and Thibault, 1990).

Furthermore, there is ample evidence that single‐value Kd’s are not appro-

priate to represent metal solubility in soil chemistry models (Jopony and

Young, 1994; Sauvé et al., 2000b, 2003) and some considerations for chemi-

cal properties, such as pH (Fig. 3) (see more detailed discussion in Section

IV.A), organic matter, and total metal burden, need to be considered

(Janssen et al., 1997; Jopony and Young, 1994; Sauvé et al., 2000b, 2003).

Figure 3 The partitioning coeYcient (Kd) as a function of soil solution pH for Cd, Cu, Ni,

Pb, and Zn data. Results were calculated from the compilation of Sauvé et al. (2000b). The upper

and lower lines represent the 95% prediction intervals. Reproduced from Environmental Science

and Technology 2000, 34:1125–1131, pending permission from the American Chemical Society.
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a. The Freundlich Isotherm. The Freundlich isotherm considers

the eVects of saturation of sorbing surfaces. Relative to the single‐value Kd

approach, an n parameter is introduced to allow for variations in the

Kd values according to the relative saturation of the sorbing surfaces.

Hence, as the solution concentration of the metal increases, the ratio

adsorbed on the solids will vary. The Freundlich equation takes the form:

ðSorbed metalÞ ¼ Kdðdissolved metalÞn ð2Þ

where the units are the same as in (1) in the case where the value of the

constant, n, is 1. The relationship between adsorbed and dissolved metal is

illustrated in Fig. 3. Also, Buchter et al. (1989) have measured Freundlich

parameters (Kd and n) for 11 diVerent soils and 15 TEs. They also explored

the correlation of the Freundlich parameters with selected soil properties and

found that the pH, cation‐exchange capacity (CEC) and Fe/Al oxide con-

tents were the most important factors for correlation with the partitioning

coeYcients. Buchter et al. (1989) observed the following results.

1. pH is the most important soil property that aVects Kd and n.

2. Cation‐exchange capacity substantially influences Kd for cation species.

3. The amounts of amorphous Fe and Al oxides, and amorphous materials

in soils influence both cation and anion retention parameters.

4. Except for Cu and Hg, transition metal (Co and Ni) and group IIB

cations (Zn and Cd) have similar Kd and n values for a given soil.

5. Significant relationships between soil properties and retention parameters

exist even in a group of soils with greatly diVerent characteristics.

Corroborations by other recent studies (Anderson and Christensen,

1988; Gooddy et al., 1995; Janssen et al., 1997; Jopony and Young, 1994;

Lee et al., 1996; McBride et al., 1997b; Sauvé et al., 2000b, 2003) suggest

that metal partitioning between the solution and the solid phase in conta-

minated soils could be, at least to some extent, predicted from common

soil properties.

Buchter et al. (1989) suggested that certain groups of TEs could have

similar sorption properties in a certain soil. They also found that the Freun-

dlich parameter n varied experimentally from �0.4 to �1.5 for 15 diVerent
chemical elements, indicating that diVerent elements have diVerent sorption
properties. For example, comparing the behavior of Pb and Zn, higher

concentrations of Pb in solution could promote its adsorption, increasing

the apparent Kd (case of n > 1). For Zn on the other hand, higher solution

concentrations could decrease the apparent Kd, reflecting lower aYnity of

the solid phase for Zn as it moves toward saturation (n < 1). Thus it is not

advisable to use Kd values derived under low‐contamination levels and use

them for risk assessment modeling of contaminated conditions (or reverse).

MECHANISMS AND PATHWAYS OF TE MOBILITY IN SOILS 119
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Most of the elements studied by Buchter et al. (1989) have an n parameter

below 1, and should therefore react qualitatively like Zn (except for Pb and

possibly Hg).

The comparison of the Kd values derived from mineral soils are also quite

diVerent from that of organic soils (Sauvé et al., 2003). If one intends to use a

Kd approach for estimating metal mobility or transfer in the environment,

corrections for pH and organic matter content could be critical and coeY-
cients derived from a given dataset could only be appropriate for interpola-

tion within the physicochemical parameters of that dataset but should not be

extrapolated outside those parameters.

3. Complexation

Complexation of TEs is ubiquitous in both aquatic and terrestrial systems,

especially for trace metals (e.g., Pb, Zn, Cd, Hg, Cu, and so on). In most

situations, a significant proportion of the soluble metals occur in association

with dissolved natural organic matter (DOM). This DOM is composed of

an heterogeneous mixture of fulvic and humic acids (Stevenson, 1994). Given

that these natural ligands occur at rather large concentrations in soils and

have variable chemical composition and structure, complexation with natural

organic acids is rather diYcult to model.

Complexation can be subdivided among weakly bound ion pairs (an

example of outer‐sphere complex formation), complexes (an example of

inner‐sphere complex) and strong ligands. Ion pairs often refer to electro-

static interaction of a metal with an inorganic anion where, for the most

part, the hydration shells of the ions are largely unaVected. With complexa-

tion, some of the bonding is covalent and the hydration shells of the ions are

reduced. Whereas with chelate ligands metals usually posses more than a

single binding site and with little, if any, of the hydration shell retained.

Weak ion‐pairs with inorganic anions are rather easier to model, so is

binding with strong ligands having clear and definitive structure. Overall

modeling of complexation with DOM is quite challenging because of the

heterogeneity and variable chemical composition of the organic substance.

A further complication is that chemical equilibrium models can indeed be

used to calculate the complexation of metals with natural organic ligands,

given that one has the appropriate stability constants for the metal binding

aYnity of the natural organic matter actually present in the matrix under

study. Various computer models are available to calculate the solution speci-

ation of metals (e.g., GEOCHEM, SOILCHEM, HYDROQL, ECOSAT,

MINTEQ2, WHAM, PHREEQC, and so on). Inasmuch as these models are

used to calculate the speciation or partitioning among inorganic chemical

species, which model is applied has very little influence on the end result.
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In modeling metal complexation by DOM, the actual stability constants

used and model assumptions can have a larger influence on the results.

Unfortunately, amajority of the data available for those constants are derived

from titration data where large metal concentrations are added to purified

organic acids of mostly aquatic origin. The purification protocol, which is

desired to produce consistent experimental results transforms the properties

of the fulvic and humic acids. Furthermore removing cations not included in

the study can render the results unrealistic, misrepresenting DOMoccurrence

under field conditions. However, recently various chemical models, called

surface complexation models, have been used to describe B adsorption, in

which molecular features, specific surface complexation, chemical reactions

and charge balances are considered. The prediction of adsorption on the soil

using such models has been successful for B, Mo, Mn, and As (Goldberg,

2004, 2005; Goldberg and Forster, 1998; Goldberg et al., 2002).

Even more diYcult to integrate in those chemical equilibrium models is

that by definition, they fail to account for the slow kinetics of some of these

reactions and this is an area of research that needs to be further expanded,

especially in soil environments where complexation of a particular TE

may be slowed and hindered by the need to displace cations, such as calcium

or magnesium, from the ligands before complexation can take place.

Many factors need to be considered when trying to model and predict

complexation of TEs in soils and those are further discussed in Section IV.

B. BIOLOGICAL PROCESSES

In typical, uncontaminated soils, biological processes are usually mediated

by microbes, invertebrates, and plant roots. However, in severely contami-

nated soils the metal toxicity limits the importance of biological organisms.

Thus, it is not uncommon to find derelict old mining sites largely nonvege-

tated with less biodiversity in soil microbes (González Chavez et al., 2005)

and invertebrates such as worms, nematodes, and so on. However, once soil

amendments are added to soils to create a more favorable growth environ-

ment to these organisms, biological processes can assume major importance

in the attenuation of metals. In typical soils, biological processes are more

predominant in the top soil since the majority of the microbial and inverte-

brate biomass is confined in this layer (Adriano, 2001). In agricultural and

grassland soils, this active biological zone corresponds to the plow layer

or to the layer where roots are most dense. For soils where phreatophytic

(groundwater‐using) species are grown, the rhizospheric zone increases,

because of the bigger root exploration volume down the soil profile; as a

result changes in TEs availability can occur. The introduction of active roots

in anoxic sediments can influence oxidation and drying through increasing
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evaporation and aeration of the root zone, and the availability of some TEs

such as Cd, Cu, and Zn (Vervaeke et al., 2004).

Plant roots can play a vital role in the transformation and chemical

speciation of TEs in soils (Koo et al., 2005). Three mechanisms can be

influenced by plant roots: modification of the soil environment in the rhizo-

sphere, transformation of chemical form of TEs, and biosorption. Roots

exude plant metabolites including several forms of carbohydrates and

organic acids that can serve as energy source for soil microbes. These low‐
molecular‐weight organic acids can complex metal ions rendering them

potentially more mobile and bioavailable. Soil microbes can carry out

important biotic redox reactions for some TEs in soils (Mahimairaja et al.,

2005). This includes the transformations of multivalence anionic TEs, such

as As, Cr, and Se, altering their oxidation state and chemical species. For

example, Alcaligenes faecalis was found to oxidize As(III) to As(V) (Osborne

and Ehrlich, 1976). Bacteria, fungi, and algae could also reduce As(V) to

As(III) (Frankenberger and Losi, 1995).

Soil microbes and invertebrates can promote temporary immobilization

of metal ions by biological accumulation. Such accumulation is facilitated by

biosorption by microbial biomass and its byproducts and physiological

uptake by organisms through metabolically active and passive processes

(Mahimairaja et al., 2005). Microbes can dissolve minerals by direct or

indirect action under aerobic and anaerobic conditions (Kurek, 2002).

When oxidized metal compounds, such as Fe(III), Mn(IV), or As(V), act as

terminal electron acceptors, anaerobic respiration becomes an example of

direct dissolving action under anaerobic conditions. Oxidation of ferrous Fe

or sulfur entities of metal sulfides to obtain energy is an example of direct

dissolving action under aerobic conditions. Indirect dissolution of minerals

can be the result of microbial activity connected with the production of

organic and inorganic acids, and oxidizing agents which can influence soil

conditions including changes in pH and Eh. Metals can also be mobilized

from minerals by complexation with biomolecules of microbial metabolites.

Organisms have developed two major strategies of internal sequestration of

TEs: formation of inclusion bodies for instance in vacuoles (Clemens et al.,

1999) and binding of metals to heat‐stable proteins, such as phytochelatins

and metallothioneins, and stable molecules such as ferrihydrite (Hall, 2002;

Hansel and Fendorf, 2001).

C. IN SITU STABILIZATION

In situ stabilization, also coined ‘‘inert inactivation,’’ aims to modify the

mobility and bioavailability of a chemical pollutant to reduce its potential

risk and thus transform a toxic pollutant to a contaminant which is still
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present in the matrix but unable to reach or intoxicate the target organisms

(Adriano et al., 2004; Berti and Ryan, 2003). This is practically a remedia-

tion process to sequester metal contaminants in soil, accomplished by adding

soil amendments to precipitate and/or sorb the metals in question, thus the

term ‘‘inert inactivation.’’ In this approach, the total metal content is not

altered but the solubility and mobility are drastically reduced. The most

studied and demonstrated amendment materials to induce metal stabiliza-

tion include phosphate, Fe, and Mn oxide, and alkaline, stabilized biosolids

(Adriano et al., 2004). The mechanisms of this stabilization have not been

conclusively established, but many processes can decrease metal mobility by,

for example, increasing the CEC, or inducing precipitation of hydroxides or

carbonates, or TEs migration into micropores.

Because hydroxyapatite is an abundant and inexpensive natural mineral,

it has been used and promoted to inactivate metals, especially Pb as metal

pyromorphite, a fairly stable precipitate over a wide range of pH (Ma et al.,

1993, 1994). It has also been used to stabilize Zn, Cd, and other trace metals

in soils (Chlopecka and Adriano, 1996). The abundance and reactive nature

of metal (Fe, Mn, and Al) oxides with most TEs in most soils enhance their

use as metal inactivators. Commercial by‐products, such as the ‘‘steel shot’’

or zero valence Fe, could be used in soil remediation for both cationic and

anionic TEs such as As (Mahimairaja et al., 2005) because once applied into

the soils, the metallic Fe is oxidized and becomes more reactive. The hetero-

geneous and variable chemical nature of organic matter, more specifically

biosolids, renders its use as a metal inactivator somewhat tenuous. Although

the use of alkaline, stabilized biosolids has proven eVective in immobilizing

metal ions via adsorption, the capacity of DOM to complex and mobilize

most metal ions renders it much less interesting to use in sequestering metals.

This evolves around the possibility of advanced oxidation/transformation of

organic matter, further complicating its role as an inactivator.

A nice example of in situ stabilization is the work done in Joplin, Missouri

where Pb‐contaminated soils in an urban area were amended with various

phosphate treatments, which significantly reduced Pb transfer to plants, and

even decreased its gastrointestinal availability in experimental animals (Berti

and Ryan, 2003; Ryan et al., 2004). These field trials and live animal tests,

clearly demonstrated this technique’s remediation potential.

In situ stabilization is a clear case of solubility–precipitation phenomena

in soils where a process is induced by introducing foreign materials into the

soils to foster high Kd. In essence, in situ stabilization induces attenuation of

metals rendering them less threatening to the environment and biota. Since

the inactivator materials are rather abundant, some found in nature, and

inexpensive, they can oVer a viable cost‐eVective remediation strategy for

heavily metal‐contaminated sites. However, data demonstrating their long

term eYcacy under field conditions are still lacking.
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III. TRACE ELEMENT TRANSPORT PATHWAYS

The major mechanisms and transport vectors and pathways of TEs in

terrestrial systems are exhibited in Fig. 4. Although the surface soil is empha-

sized in Fig. 4, most of the reactions are valid in the rest of the soil profile

and the vadose zone as well. Atmospheric deposition, fertilizer applications,

and soil amendments represent the major input sources into the soil. In

pristine natural environments, aerial deposition is the most important source

especially for TEs such as Hg, Pb, and As. Erosion is considered a very

important pathway in arable lands, derelict mining sites, and other nonve-

getated landscapes. The usual vertical transport pathway (i.e., mass flow and

diVusion) can be complimented by preferential flow in macroporous and/or

Figure 4 Possible mechanisms and pathways of trace element movement in soils. Me

represents trace element ion or atom, H hydrogen ion or atom, L ligand or other substance

that combines with Me.
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cracked soils and facilitated transport due to TEs mobilization with col-

loids. Volatilization, as discussed in the text, is not included in Fig. 4, as

it is usually more important in aquatic systems and applies to only certain

elements.

Figure 4 presents an overview of possible mechanisms of TE movement in

soils. Significant TE movement in soils after sewage sludge or wastewater

application, or residues deposition has been observed (Lund et al., 1976).

Dispersion of these elements above the soil surface could be caused by soil

erosion or by limited volatilization in the case for Se and Hg. While TE

distribution in the top soil layer (0.3 m) can result from tillage operations,

the vertical movement below this depth is likely due to other mechanisms.

Although TEs movement in sewage‐amended soils has been explained as a

result of pH reduction caused by organic compounds (Robertson et al.,

1982), element transport has been observed even after an increase in pH.

Transport of soluble chelate complexes with organic matter has been sug-

gested as a possible explanation (Darmony et al., 1983). Application of

sewage sludge or C‐rich residues can increase DOM (dissolved organic

matter), promoting the formation of soluble TE‐organic complexes, which

can then reduce metal adsorption. Trace element movement in structured

soils, through desiccation cracks, has been reported to be likely enhanced by

preferential flow (Richards et al., 1998). Movement of TEs from the appli-

cation or deposition zone downward through the soil profile could occur by:

(1) diVusion (either as free ions or as complexes), (2) movement of metal‐
laden particulates through soil macropores, (3) movement through soil

cracks during the wetting–drying cycle, and (4) bioturbation (i.e., mixing

by soil fauna) (Dowdy and Volk, 1983).

TE mobility depends on the soil particle distribution. Mobility is lower in

fine textured soils as compared with coarse textured soils. While the flow rate

aVected the mobility of some TEs such as Be, Cr, and Fe, it had little eVect
on the mobility of Cd, Ni, and Zn at low concentrations (<97 mg liter�1) in

repacked soil columns. Leaching of these elements was in direct proportion

to their concentrations (Alesii et al., 1980). The slow water movement

through soil columns apparently allowed the element adsorption onto soil

surfaces, because TEs could diVuse into the soil aggregates where is a higher

chance of adsorption. In addition, other adsorption processes, such as

physical exclusion (molecules of TEs are unable to penetrate the inner

layer of the minerals) or competitive sorption between target cations and

cations present in the system, can aVect TE transport in the soil.

While more than one transport mechanism is often simultaneously

involved, the contribution of each mechanism varies depending on metal

properties (Tam and Wong, 1996), soil conditions, and soil management

(Murray et al., 2004).

MECHANISMS AND PATHWAYS OF TE MOBILITY IN SOILS 125



Comp. by: Skarthi Date:9/8/06 Time:18:52:58 Stage:1st Revises File Path://
Spsind002s/Production/PRODENV/0000000001/0000000942/0000000016/
0000088394.3D Proof by: QC by: ProjectAcronym:bs:AGRON Volume:91003

C
O
R
R
E
C
T
E
D
P
R
O
O
F

A. DIFFUSION AND DISPERSION

DiVusion is a transport mechanism that is active when a chemical moves

between two locations, with the direction dependent on the concentration

gradient. The random motion of chemical molecules is called molecular

diVusion while the random motion of water containing dissolved chemicals

is the turbulent diVusion (Hemond and Fechnor, 1994). This random

molecular motion of molecules is called diVusive transport, contrary to the

dispersive transport that is caused by the uneven distribution of velocities

within and between various soil pores. Both these transport processes are

described by Fick’s law. The distance traveled by a solute during a particular

time interval due to the Fickian transport is often much shorter than the

distance traveled due to the mass flow. Krishna and Wesseling (1997) argued

that the Maxwell Stefan formulation provides a better description of diVu-
sion of trace metals than Fick’s law. DiVusion of TEs is apparently relatively

low in soils, with a possible exception of sandy acid soils that typically have

low‐adsorption capacities (Delolme et al., 2004).

The dispersivity of a solute in a porous medium is defined as the increase

of the spatial variance of its distribution with distance traveled (Rose, 1973).

The dispersivity of elements such as Cd is much greater than that of nonre-

active solutes due to the high rate of adsorption and due to the heteroge-

neous distribution of adsorption sites along pores (Gerritse, 1996). DiVerent
metal concentrations inside and outside of soil aggregates have been

observed, apparently due to adsorption eVecting the metal diVusion (Wilcke

et al., 1999). However, this local heterogeneity apparently also depends on

the metal solubility, since Pb and Cu were observed to be lower in aggregate

interiors than exteriors, but only small or no diVerences were observed for

Cd concentrations.

In structured soils, metals can move with sludge‐borne particles or col-

loids. Although metals have been detected in higher concentrations on ped

surfaces, the binding of metals to water soluble organic ligands of the sludge

may, apparently, depress metal adsorption on the clay‐rich ped surfaces

(Chubin and Street, 1981) and allow metal redistribution within the ped

(Dowdy et al., 1991). Therefore, the release of colloids is a diVusion‐limited

process (Schelde et al., 2002) (see also Section II.A).

B. PREFERENTIAL FLOW

Movement of heavy metals with flowing water requires that TEs are in the

soluble phase or associated with mobile particulates. The naturally occurring

soil structure contains pores of diVerent diameters, cracks formed by soil

shrinking during drying and wetting cycles, and various macropores and
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conduits created by soil fauna and plant roots. Liquid, suspended mobile

colloids, and suspended particles can move vertically down the soil profile

through these channels or cracks without interacting with the soil matrix.

This preferential/nonequilibrium flow and transport is a recognized way for

mobilizing contaminants in macroporous soils (Camobreco et al., 1996;

McCarthy and Zachara, 1989).

Since macropores in structured soils can conduct water rapidly to deeper

soil horizons, while bypassing the denser, less permeable soil matrix (Jarvis

et al., 1999), an application of polluted residues with TEs during the dry

season can cause rapid contaminant (pollutant) transport. Mineral surfaces

in preferential pathways and matrix are often quite diVerent, being coated in

the flow paths with organic matter (OM) that can sorb specifically TEs

(Bundt et al., 2001). It has been proposed that TEs move down the soil

profile through these preferential flow pathways after application of sewage

sludge, waste water, or smelter residues. Sterckeman et al. (2000) reported

that concentrations of Cd, Pb, and Zn increased down to a 2‐m depth in

soils near smelters. They suggested that earthworm galleries were the main

pathways for accelerated particulate metal migration.

Soils receiving heavy sludge applications during a period of 15 years

showed considerably increased concentrations of Hg and Cu below the

application site (McBride et al., 1997a). The authors suggested that down-

ward transport via organic complexes and preferential flow are the main

factors responsible for the increased element mobility (see also discussion

on Fig. 4 of this section). Maeda and Bergström (2000) found that Zn

leaching was enhanced by preferential flow, while Cu transport was negligi-

ble. Apparently, only insignificant interactions between the solid phase and

metals in the soil solution occur when the soil structure and/or incoming

water allow for preferential flow. Consequently, metals can move to much

greater depths.

Preferential flow mechanisms in structured soils have been studied at both

field and laboratory conditions. However, laboratory studies have several

limitations due to diYculties in excavating and transporting undisturbed soil

samples to the lab (Morris and Mooney, 2004). One of the diYculties of soil

column studies is that the process of packing the column tends to destroy or

reduce soil aggregation and the resulting exposure of much greater surfaces

on the soil solids increases tremendously the potential for sorption onto the

solid phase. In addition, the type of experimental method used for studying

the preferential flow processes at the laboratory scale can also influence the

TE transport. However, more attention should be given to studying these

processes since Flury et al. (1994) reported that the majority of water flow

can use less than 10% of the pore space and move preferentially much faster

and to much greater depths than uniform flow.
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C. COLLOIDAL TRANSPORT

Trace elements generally have high aYnity for sorbing substances, which

are mainly associated with the solid phase, and thus the amount in the soil

solution is relatively small (see also Section II.A). Colloidal particles can act

as TEs carriers, since they are highly reactive, have low bulk density, are

lighter than water, and can thus be easily suspended (Totsche and Kügel‐
Knabner, 2004). The activities of Mn, Co, Sb, Cs, Ce, and Cu in groundwa-

ter samples collected from underground nuclear test cavities at the Nevada

Test Site were associated with colloidal particles (Buddemeier and Hunt,

1988). Zhang et al. (2003) observed TEs were transported to surface water

through runoV attached in the fine fractions: the <53‐mm fractions

contained 13–19% and the 0.125‐ to 0.053‐mm fraction contained 28–38%

of the total Cu, Cd, Cr, Co, Pb, Ni, and Zn. Oxyanions of eluted Cr and As

were associated mainly with Fe and Mn oxides (Sandhu and Mills, 1987).

Also As‐organic compounds complexes have a neutral charge and move

faster than the dissolved anionic arsenate (Kaplan et al., 1993). Grolimund

et al. (1996) observed the movement of Pb bound to colloids and concluded

that colloid‐facilitated transport is an important process especially for

strongly sorbing contaminants. They also noted that colloid‐facilitated
transport is a very complex process since the release of colloid‐carrying
contaminants is kinetically limited, and thus the flow rate significantly aVects
the transport.

Application of certain organic residues to structured soils could cause

movement of TEs by particulate transport. In soils with undisturbed struc-

ture, macropores can act as rapid flow conduits and particulates and

contaminants associated with organic (particulate) matter can move rapidly

through them to subsurface soil layers (Oygarden et al., 1997). Keller

et al. (2002) found in a lysimeter experiment that particulate matter in

drainage water accounted for, on average, 20% of trace metals leaching

from a sludge‐amended soil.

The role of colloids in facilitating the TEs transport is moderated by the

element and colloid type, by concentration of the TE, and by soil properties.

It has been observed that the increase in the colloid surface area, the charge

of the colloids, pH, and the organic compounds in solution can facilitate

transport of colloids and TEs. In contrast, TEs associated with large colloids

have lower movement. Also the increase in the element concentration aVects
coagulation, flocculation, flow retardation, and pore clogging (Karathanasis,

1999) through cation–colloid association, which then decrease solubility.

Apparently, the solid phase dispersion increases at the low ionic strength

and thus the colloid migration is more likely to occur (Schelde et al., 2002).

For example, Zn will move faster in the leachate from an acidic sandy soil

column when the column is leached with deionized water than when leached
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with 0.5 or 2 mM CaCl2 solutions and this is believed to be due to dispersion

of organic colloids (Fig. 5) (Carrillo‐Gonzalez, 2000).

The adsorption of dissolved organic molecules and humic substances can

modify the surface charge of colloids, increasing their stability and mobility.

For example, colloids composed of oxides, layer silicates, and calcium

carbonate and those coated with humic substances can develop a negative

charge and remain in the solution (Harter and Naidu, 1995). Adsorption of

some organic compounds is partially irreversible (Weigand and Totsche,

1998), which aVects the specific surface, and therefore could modify the

retention of TEs. For instance Fe and Zn adsorption decreased with the

presence of natural organic matter at pH 5, but changes were also observed

at pH 7 (Schmitt et al., 2002).

D. SOLUBLE METAL COMPLEXES TRANSPORT

Organic compounds in the soil that may form complexes with metal ions

may be grouped into three main classes (Senesi, 1992): (1) naturally occur-

ring molecules derived from soil biota and having known structure and

chemical properties (polysaccharides, amino acids, polyphenols, and ali-

phatic acids), (2) xenobiotic organic chemicals derived from human, agricul-

tural, industrial and urban activities, and (3) humic substances that include

Figure 5 Zn breakthrough after leaching soil columns with deionized water, and 0.5 or

2 mM CaCl2 solutions through an acid sandy soil (Carrillo‐González, 2000).
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humic and fulvic acids, and humin. Fulvic acids represent a significant

proportion of organic carbon. They form complexes that bind TEs (e.g.,

Cu, Fe, Cd, Zn, V, and Ni) mainly on carboxylic and phenolic functional

groups (Saar and Weber, 1982) and on organic molecules derived from

chemicals used in agriculture, industrial activities, and urban residues.

Cations tend to form stable complexes with organic ligands (see also

Section II.A). DOM forms stronger complexes with Cu and Cd than those

formed with Pb and Zn. More than 50% of Cd was bound in the organic

matter (Karapanagiotis et al., 1991), and specifically humic and fulvic acids

derived from sludge play a significant role in the chemical speciation of

metals. Senesi et al. (1989) suggested that the humic acid fraction of

sludge‐amended soil shows selectivity in binding trace metal ions (Cu2þ,
Fe2þ, Ni2þ, Zn2þ, Cr6þ), whereas more labile metal ions are desorbed and

replaced (Mn2þ, V, Ti, Mo).

It is expected that xenobiotic organic molecules discussed earlier could

also form complexes with metals. For example, the following chelating

ligands can be found in wastes (sewage sludge and wastewater): nitrilo-

triacetate (NTA), hydroxyethyliminodiacetate (HIDA), dihydroxyethyl

glycine (DHG), triethanolamine (TEA), hydroxyethylenthylen diamino-

triacetic acid (HEDTA), diethylenetriaminepentaacetic acid (DTPA),

CDTA (trans‐1,2‐cyclohexyl‐diamine‐N,N,N0,N0tetraacetate), ethylene‐bis‐
oxyethylenenitrilo‐tetraacetate (EDDHA), HBED (N,N‐bis (2‐hydroxy-
benzyl) ethylenediamine‐N‐N0‐diacetate), oxalic acid, gluconic acid, and

citric acid (Lasat, 2002; Martell, 1975; Russel et al., 1998). These substances

have been detected in rivers (HoVman et al., 1981) and the vadose zone

(Jardine et al., 1989). It has been observed that trace metals, such as Cd, Cu,

and Pb, were associated with low and intermediate (1000–10,000) molecular

weight organics, which passed through 0.4‐mm membrane filters.

Element–ligand (organic) formation from hydrated elements can be

represented as follows:

Maþ
ðaqÞ þ xH2O , MðH2OÞaþxðaqÞ ð3Þ

MðH2OÞaþxðaqÞ þ Lb�
ðaqÞ , MLa�b

ðaqÞ þ xH2O ð4Þ

where M is the trace element ion and L is the ligand; the number of trace

elements and ligands could change depending on the chemistry of both

reactants.

The stability of these complexes depends on the equilibrium constants,

which provide an indication of the aYnity of the ion for ligand, and for bi‐
and polydentate ligands. Each successive interaction has its own equilibrium

constant and the product of successive values gives the net stability constant.

The successive interactions depend on the association of the ligand and the Hþ
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bi ¼
ML½ �

½Lb�� � MðH2OÞaþx
� � ð5Þ

where b is the stability constant for the i association.

The conditional stability constants for TEs and fulvic acid vary widely

as a function of the nature of the original organic matter, from which fulvic

acids are derived, and pH (apparently increasing with pH). Stability con-

stants for TE–organic acid complexes increase with the molecular weight.

Chelating ligands form very stable associations with TEs and are able to

extract them even if they are bound to the organic matter. This increases the

likelihood of TE migration from the deposition site if synthetic organic

ligands, such as ethylenediamine tetracetic acid (EDTA) or NTA, are present

in the applied residues.

Strong ligands, such as EDTA, show almost no adsorption on the soil

surface and have been reported to increase TEs concentration in the soil

profile (Kent et al., 2002). In addition, they may exhibit a low rate of degrad-

ation, and thus could modify the behavior of TEs. For example, Wu et al.

(2003) showed that a significant increase in Cu and Pb mobility (but not Zn

and Cd) was achieved when a polluted paddy soil was leached with EDTA.

While Ni and Zn were displaced with the EDTA solution from a quartz sand

aquifer, Al and Fe dissolved from the sediments competed with Zn and Cd to

form metal–EDTA complexes (Kent et al., 2002). Apparently, there is a

competition among metal ions during leaching with the EDTA solution. Cu

was leached slightly faster than Zn and Cd, while Pb moved even slower.

However, the rate of mobility of Pb increased after more mobile elements

were displaced (Sun et al., 2001). The vertical movement of Cu, Ni, and Zn in

calcareous soils in the form of mobile metal organic complexes in the soil

solution was also reported by Kaschl et al. (2002).

Novillo et al. (2002) observed that Zn applied in solution to the top of the

soil column and leached with dissolved organic ligands, migrates at diVerent
rates in acid, neutral, and calcareous soils. The retention of TEs depends

on the type of metal complexes formed. Zn–EDTA complexes are very

stable and can migrate to larger distances than other complexes such as

Zn‐lignosulfonate or 2‐hydroxyl‐1,2,3 propanotricarboxylate. The addition

of EDTA, citric or oxalic acids increased Cr mobility more than 200‐fold
(Shahandeh and Hossner, 2000).

E. LEACHING AND RUNOFF

Leaching of TEs from soils has resulted from intensified use of fungicides,

application of sewage sludge, spilling timber treatment solution, and acid

mine wastes. There are contrasting reports about leaching of TEs from
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fertilized soils. While some authors found negligible movement of TEs

(Singh and Myhr, 1997), others reported substantial losses (Williams and

David, 1976). Transport is likely to occur in acid, sandy soils, where the

adsorption process is relatively insignificant, and where the water fluxes vary

from moderate to high (the hydraulic conductivity ranges from 3 to >300

mm h�1). It may also occur in subsoil (below the 0.3‐m depth) where organic

matter content and metal retention decreases. The probability of movement

of TEs also increases with their concentration. Migration of TEs may take

place when their concentrations exceed the capacity of the soil to retain

them, that is, especially in stabilized soils. The metal loss from application

sites is usually low, but varies significantly among elements.

Leaching is strongly aVected by soil pH (see also Section IV.A). While

low‐metal leachability at high‐pH values is the norm, potential leaching

from dredged sediments at pH 4 has been estimated to be as high as 61%

for Zn, 60% for Cd, 53% for Mn, 27% for Co, 26% for Ni, 14% for As, 4%

for Cu, and 2% for Pb (Singh et al., 2000). Formation of ion‐pairs with

inorganic anion can also increase mobility. Doner (1978) was the first to

suggest that an anion index of the leaching solution could play an important

role in the displacement of TEs in sandy soils. He observed that Cd moved

four times faster when Cl� was present in the solution instead of ClO4
�.

TEs can be leached in the soil profile as hydrated cations, oxyanions, and

organic or inorganic complexes. Darmony et al. (1983) took soil samples to a

depth of 150 cm (in 25‐cm increments) from a sludge‐treated silt loam soil

and observed that Zn was translocated to the 75‐cm depth, with a gradual

decline in concentration with depth. They concluded that the transfer of

soil in desiccation cracks accounted for the metal distribution. Giusquiani

et al. (1992) leached soil columns amended with fresh compost (90 t ha�1)

with 0.01 M CaCl2 and observed that the total concentration of complexed

TEs increased significantly in the organic matter that passed through the

soil column. Fraction of leached metals from a sludge amended soils (sand

and sandy loam) ranged from 10% to 41%, 1.8% to 25%, 21% to 51%, and

6.8% to 41% for Zn, Cu, Pb, and Ni, respectively. No diVerences were

observed between dry or fresh sludge applications (Gove et al., 2001). Legret

et al. (1988) observed an increase in exchangeable Cd and Pb in deep

layers (0.4–0.6 m) of the sandy soil profiles after application of sewage

sludge. Apparently, cations in solution can displace exchangeable Cd and

Pb from the upper layers and move down. They concluded that exchange-

able forms of TEs can play an important role under certain soil conditions.

Also, the dominant anion in the solution has an important eVect on the

element leaching apparently due to two processes: (1) soluble metal‐ligand
formation, which can increase TEs in solution, and (2) ligand adsorp-

tion, which can modify surface adsorption and aggregation behavior of the

particles.
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Some TEs can move in the soil profile not only as hydrated cations, but as

inorganic complexes. For instance, Zn can form with Cl� the following

complexes depending on chloride concentration and pH of the solution:

ZnClþ, ZnCl2
0, ZnCl3

�, and ZnCl4
2�. Theoretically, elements with high

values of the stability constant, such as Cd and Hg chloride complexes, are

more stables in the solution and are more likely to migrate. However, the

retention of these complexes on the soil surfaces can aVect their mobility.

Soil erosion and surface water runoV are other mechanisms that can

mobilize TEs in diVerent environments. These mechanisms of TE disper-

sion are considered to be diVuse pollution because most of the suspended

sediments carried with water during heavy rainfalls have a low density

and can remain suspended. Barrel et al. (1993) reported that runoV from

selected highways contained about 45–798 mg liter�1 of suspended solids,

0.073–1.78 mg liter�1 of Pb, and 0.113–0.998 mg liter�1 of P. Cr, Fe, Mn,

Cu, Ni, Pb, and Cd have also been detected in street and highway sediments

(Barbosa and Hvitved‐Jacobsen, 1999; Rietzler et al., 2001). The highest

concentrations were detected during the first rainfalls after the dry season

(Jiries et al., 2001) and they varied depending on the nature of the element.

While concentrations of Fe and Cu increased as the water flow increased,

Zn, Cr, and Mn concentrations decreased. The dilution eVect due to the

input of sediments with low concentrations of these elements and the pres-

ence of iron oxides apparently caused the displacement among these TEs

(Carvalho et al., 1999).

Increases of TE concentrations in runoV from agricultural soils, after

repeated pesticide applications, has been reported (Moore et al., 1998;

Quilbé et al., 2004). However, He et al. (2004) found that dissolved TE

concentrations in runoV from vegetable and citrus fields were usually

below drinking water standards and that the TE concentrations were

aVected by soils TE accumulation, rainfall intensity, volume of runoV, soil
properties and agricultural practices.

Release of metals from abandoned mining areas can occur due to acid

mine drainage and erosion of waste dumps and tailing deposits. Presence or

absence of vegetation, topographical characteristics and rainfall patterns can

strongly aVect the erosion processes (Clark et al., 2001; Lee et al., 2001).

Birch et al. (2001) linked metal contents (easily exchangeable phase) in

fluvial sediments to the coal mining activities. Ongley et al. (2003) observed

high concentrations (from 10 to 100 mg kg�1) of As, Cu, Pb, and Zn as far as

6 km away from piles of mining residues containing high concentrations of

As (32,000 mg kg�1), Pb (41,000 mg kg�1), and Zn (17,000 mg kg�1). Heavy

rainfall storms during short time intervals after long dry seasons were the

main cause for the elevated metal concentrations. Fine clay minerals con-

tribute to TE migration because of the observed close relationship between

some elements, such as Hg in sediments and Al from silicates, and other
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biogeochemical parameters related to aluminosilicates (Roulet et al., 2000).

These sediments contribute to soil, water, and sediment pollution that can

eventually modify the biogeochemical cycles.

F. VOLATILIZATION

Volatilization of certain TEs occurs through microbial transformation of

metals/metalloids to their respective metallic, hydride, or methylated form.

These forms have low‐boiling points and/or high‐vapor pressure, hence are

subject to volatilization. Methylation is considered to be the major process

of volatilizing As, Hg, and Se in soils and sediments, resulting in the release

of poisonous methyl gas such as alkylarsines (Frankenberger and Benson,

1994; Wood, 1974). Arsenic forms volatilized from soil or water are AS(III)
and AS(V), di‐ and trimethylarsine. However, these two alkylarsines could be

adsorbed onto iron oxides. Most scientists accept that Hg volatilization

requires three steps: reduction of Hg(II) to Hg(0), diVusion or mass transport

of Hg(0) to the soil surface and then transport to the atmosphere by diVusion
or mass flow (Bizily et al., 2002; Grigal, 2002). Hg reduction may involve

abiotic processes, but there is also an enzymatic reduction of bivalent ions

to the elemental form which are subsequently volatilized (Essa et al., 2002).

The concentration of Hg volatilized from soil could lead to air concen-

trations ranging from 1.5 to 3.7 ng m�3 (Kim et al., 1995). Similarly to

arsenic, selenium can be oxidized and then transformed by microorganisms

to dimethyl‐selenide a volatile compound. Soil organic matter can also

contribute to enhance Se volatilization.

Volatilization through methylation is thought to be a protective mecha-

nism, that is, a detoxification process used by organisms such as microor-

ganisms in seleniferous environments (Frankenberger and Losi, 1995).

Volatilization is aVected by soil pH, OM and iron oxides content, tempera-

ture, and colloids content (Grigal, 2002). Thus the loss of TEs in gaseous

form from the soil is basically limited to those that can be biologically

methylated such as As and Se, and to Hg(0).

IV. FACTORS AFFECTING TRACE ELEMENT
MOBILITY AND TRANSPORT

TE mobility in soils depends on their interactions between the solid and

liquid phases, which determine their partitioning. The underlying mechan-

isms regulating the partitioning of these TEs include physicochemical and

biological processes (discussed in Section II), which in turn are controlled by
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several factors. As discussed earlier TE solubility and partitioning between

the solid and liquid phases is the starting point for understanding their fate

and transport in soils (Adriano, 2001; McBride, 1989; Ross, 1994).

A. SOIL PH

It is generally viewed that pH is the main variable controlling the solubil-

ity (see also Section II.A.1), mobility and transport of TEs, as it controls

metal hydroxide, carbonate and phosphate solubility. Soil solution pH also

aVects ion pair and complex formation, surface charge, and organic matter

solubility (Appel and Ma, 2001; Huang et al., 2005; Lebourg et al., 1998).

TE solubility could be strongly aVected by small changes in pH values.

Metal solubility and their ion activity decrease with higher pH. The release

of TE from freshwater sediments after gradual reduction of pH was Ca ffi
Mn >Fe > Ni > Zn > Cd > Al > Pb > Cu, which depend on the solid

compound that held the TEs (Buyks et al., 2002). Soil pH controls the

movement of TEs from one soil compartment to another, since TEs can be

held in the lattice of secondary minerals (1:1 and 2:1 clay minerals), adsorbed

on Fe and Mn oxides, and carbonates, or precipitated as carbonates. For

instance, Maskall and Thornton (1998) found increases in the proportion of

readily mobile form of Pb and Zn as pH fell below 5. Cattlet et al. (2002)

observed a decrease of the Zn2þ activity in the soil solution as pH increased.

They concluded that the organic matter adsorption and the formation of

franklinite accounted for this trend.

Soil pH aVects many soil processes including TE sorption. Boekhold et al.

(1993) observed that Cd sorption doubled for each 0.5 increase in pH from

3.8 to 4.9. In sandy soils, a unit increase in pH produced a 2‐ to 10‐fold
increase in ion sorption. The type and concentration of electrolyte and the

substrate control this change (Barrow and Whelan, 1998; Harter and Naidu,

2001). Nickel removal from the soil solution by pyrophyllite increased

strongly when pH went from 6 to 7.5, or even higher (Scheidegger et al.,

1996). While the retention and release varied little for various cationic

elements, they manifested large diVerences for those TEs that form anionic

chemical species such as As, Cr, or Se. The concentration of arsenate in

solution, that is, the predominant inorganic species of As decreased at low

pH because of its adsorption (Manning and Goldberg, 1996). Tyler and

Olsson (2001) observed an increase in the concentrations of As, Se, Mo, Cr,

Sb, and U in soil solutions with increasing pH.

A direct relation has been found between Cu, Zn, Cd, and Pb activities

(pM ¼ �log MT) and pH, organic matter content, and total metal content

(MT), resulting in a general equation pM ¼ a þ b pH – c log (MT OM�1)

(McBride et al., 1997b). Likewise the variation of Cd leached from allophanic
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soils can be explained by a regression model involving, as independent

variables, leachate pH and total drainage (Gray et al., 2003).

Cdleachedðg ha�1Þ ¼ 3:5� 0:591 pHðleachateÞ þ 0:003 total drainage ðmLÞ ð6Þ

While the solubility of naturally occurring Cd and Zn from mineral soils

depends upon pH, in some situations dissolved concentrations of Cd, Cu,

and other elements, such as Pb, may not follow a single relationship with pH

for polluted soils. In some cases we can even observe that the concentration

of dissolved metal is better predicted simply as a function of total soil metal

burden (Sauvé et al., 1997b for Cu).

Radiolabile Cd and Zn in topsoils, extracted with 0.01 M CaCl2,

increased as the soil pH decreased (Adams and Sanders, 1985; Degryse

et al., 2003). High proportions of metal ions in the soil solution is unlikely

to occur at pH values higher than 6.5 (Plant and Raiswell, 1983), because the

predominant form is hydroxo‐complexes. However, the soluble Pb hydroxo‐
complexes may contribute poorly (about 12%) to the total dissolved Pb

(Lindsay, 1979). The apparently large TE retention at pH values larger

than 6 is partially due to ionization of surface OH and COOH groups,

which involves complex formation on high‐selectivity sites (Abd‐Elfattah
and Wada, 1981).

Still, as a general model, useful empirical regressions can be used to

predict concentration of trace metals in soil solution. One possible model

is given as Eq. (7):

Log10ðdissolved metalÞ ¼ aþ b pHþ c Log10ðtotal soil metalÞ
þdðsoil organic matterÞ ð7Þ

CoeYcients for those regressions or similar ones are available from

various reviews (Sauvé, 2002; Sauvé et al., 2000a, Tipping et al., 2003).

Albeit soil organic matter is often a significant parameter (except for Pb),

most of the variability is usually explained by soil pH and total metal

content.

B. CHEMICAL SPECIATION

Although the total TE content largely determines the extent of elemental

partitioning between the aqueous and solid phases in soils, the chemical

speciation is likely one of the most important factors that influences TE

availability, solubility, and mobility. TE ions can combine with organic and

inorganic ligands or substances in soil solution or in the rhizosphere. The

ligands can be hydroxyl, carbonates, sulfate, nitrate, chloride, DOM, or
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chelating agents. The distribution of metal ion species is apparently governed

by redox reactions, pH, and solubility of hydroxides, carbonates, oxides, and

sulfides. Three kinds of soluble complexes can be formed between metal ions

and ligands: ion pairs, soluble metal–organic ligand complexes, and chela-

tion (Gao et al., 2003). While the first type is a weak electrostatic association,

the second is a strong association that includes covalent bonding.

The proportion of free hydrated cations and OH complexes changes as

the pH value changes:

M2þ þ nOH� , ½MOHn�2þn� ð8Þ
where n can have values from 1 to n. The number of OH� associated with

M2þ increases as the OH� concentration increases. Presence of Pb(OH)þ

and Pb(OH)2
0 has been used to explain Pb extractability at high‐pH values.

When other anions are present in the solution such as Cl�, NO3
�, SO4

2�,
HCO3

2�, or CO3
2�, a new equilibrium takes place and more than one type of

complexes is present:

M2þ þ nOH� þmLm� , ½MOHn�2þn� þ ½MLm�2þm� ð9Þ
Since some of them can form soluble complexes, a wide range of chemical

species can be present in the solution at the same time depending on ion

concentrations. Lebourg et al. (1998) found in seven soils from the Calais

region in France that Pb2þ predominated at pH lower than 6.5, but carbon-

ate complexes became important at higher pH. Zn2þ and Cd2þ were domi-

nant forms of Zn and Cd at low pH, but the speciation was a function of

pH. Ion pairs behave as monovalent ions and can be adsorbed on hydroxyl

surface complexes (Gier and John, 2000).

The soluble nature of CdClþ complexes caused substantial leaching of Cd

from a soil column (Doner, 1978), reduction of Cd adsorption on a mont-

morillonite (Hirsh et al., 1989), and Cd bioavailability to plants in soils

(McLaughlin and Tiller, 1994) (see also Section VI.B). CdCl2
0, CdCl3

�, or
CdCl4

2þ complexes could be formed at high‐chlorine concentrations

(Khalid, 1980), but are unlikely to occur at natural soil conditions.

TE mobility is strongly restricted by carbonates in calcareous soils, likely

due to chemisorption or precipitation (Papadopoulos and Rowell, 1988).

However, the presence of humic acids increases Cd, Co, Cu, and Zn adsorp-

tion even at low pH, while at high pH they reduced the precipitation of

TEs, apparently due to the formation of metal humate species (Sparks et al.,

1997a,b).

The stability of the metal–organic matter complexes is aVected by pH.

Copper, Pb, and Cr form stable complexes, while Cu complexes dissociate at

low pH. The association of TEs to ligands in the soil is controlled by pH,

with the ligand species ionic concentration increasing with higher pH.
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C. SOIL ORGANIC MATTER

Organic matter (OM) can play a dual role in TEs solubility. Particulate

OM, by virtue of its high CEC, can eVectively adsorb TEs (Adriano, 2001).

High‐molecular‐weight organic compounds can also bind and strip TEs

from the solution, because they can be insoluble and therefore semi‐
immobile (Schmitt et al., 2002; Sparks et al., 1997a). It has been reported

that humic acids can increase Cd retention on kaolinite four times (Taylor

and Theng, 1995) and the formation of stable organo metallic complexes can

lead to relatively lower mobility of Cu, Pb, Ni, Zn, and Cd (Karapanagiotis

et al., 1991).

It has also been observed that insoluble organic molecules decreased the

availability of some elements, such as Cu or Pb, by the formation of insolu-

ble complexes (Bataillard et al., 2003; Sauvé et al., 1998). In contrast,

TemminghoV et al. (1998) found that humic acids enhanced Cu mobility,

but the process was strongly aVected by Ca concentration and pH of the soil

solution. In general however, low‐molecular‐weight compounds, such as

fulvic acids, could remain in the soil solution and thus increase the mobility

of bound metals (Christensen et al., 1996; Chubin and Street, 1981; Naidu

and Harter, 1998). Some authors have found that the naturally occurring

DOM can increase the mobility of some elements such as Cd (Dunnivant

et al., 1992; Lasat, 2002). OM may also limit the precipitation of chloropyr-

omorphite (Pb5(PO4)3Cl), because DOM inhibits crystal growth (Lang and

Kaupenjohann, 2003). Also organic ligands could aVect crystallization of

secondary minerals; organic coatings around the crystal seeds may inhibit or

retard crystallization (Holm et al., 1996; Ma, 1996).

Christensen et al. (1996) concluded from sorption experiments with aqui-

fer material that DOM present in landfill leachates formed soluble com-

plexes with Cd, Ni, and Zn, which migrated at low speed (less than 1–2% of

the water migration velocity). The contribution of DOM to Cd, Ni, and Zn

migration in an aquifer is directly proportional to the complex formation

constant and ligand concentration, and inversely proportional to the distri-

bution coeYcient on the aquifer suspension. OM reduced Zn, Pb, and Fe

adsorption onto kaolinite and montmorillonite at pH 5 and 7, possibly due

to metal‐complexes formation (Schmitt et al., 2002).

The adsorption of organic compounds on soil minerals and the interac-

tion among organic molecules and TEs are aVected by the soil pH. At low

pH, cations compete with Hþ for the functional groups (Balcke et al., 2002;

Weigand and Totsche, 1998). The OM content also aVects of TE complexes

sorption (Carrillo‐Gonzalez et al., 2005). Because of the hydrophobic char-

acter of organic compounds, the solid phase with the high‐OM content can

adsorb more organic compounds than the soil with lower OM content;

application of OM increased acidity (Strobel et al., 2004). Strawn and
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Sparks (2000) conducted Pb desorption experiments using stirred‐flow reac-

tors and observed that the amount of Pb desorbed decreased as the OM

increased in the medium.

Preferential flow paths can adsorb certain TEs due to the higher OM

content compared to the soil matrix (Bundt et al., 2001). In contrast, the

soluble OM may increase the amount of TEs in the soil solution by the

formation of soluble organo metallic complexes (Naidu and Harter, 1998). It

has been suggested that OMmay limit the ability of phosphate to immobilize

Pb (Lang and Kaupenjohann, 2003).

D. FERTILIZERS AND SOIL AMENDMENTS

Although fertilizers have been identified as a source of TEs (Adriano,

2001; Gimeno‐Garcia et al., 1996; Jeng and Singh, 1995), the amounts of

TEs derived from fertilizers typically do not significantly increase TE uptake

by plants. The main exception are possibly phosphate fertilizers. He et al.

(2005) reported that phosphate rocks contain on average 11, 25, 188, 32, 10,

and 239 mg kg�1 of As, Cd, Cr, Cu, Pb, and Zn, respectively. Cadmium is

probably the main element of concern in this case since it can vary from near

zero to more than 150 mg Cd kg�1 in some phosphate fertilizers (Mortvedt

and Osborn, 1982). Cd is the most susceptible to be of concern in terms

of crop accumulation from fertilizers and soil amendments (McLaughlin

et al., 1999).

Moreover, application of fertilizers can further aVect soil properties

related to metal availability. Ammoniacal nitrogen fertilization has been

shown to decrease soil pH in the rhizosphere, which could modify TEs (Zn,

Cu, and Mn) availability (Mench, 1998). In addition, formation of metal

complexes with NH3 could aVect TE availability due to its high‐stability
constants for Cd, Co, Cu, Ni, and Zn (Ringbom, 1963).

Metal phosphate minerals (see also Section II.C) control metal solubility

in the soil suspension and induce formation of metal phosphate precipitates.

It has been observed that addition of hydroxyapatite decreased the solubility

of Pb2þ, Ni2þ, Cd2þ, Co2þ, Sr2þ, or U (Seaman et al., 2001). Soluble

phosphate, a rock phosphate, fertilizers such as monoammonium phosphate

and diammonium phosphate decrease Cd, Pb, and Zn mobility, probably

due to formation of metal minerals (McGowen et al., 2001) (see also Section

VI.B). Also phosphatic clay minerals, which characteristically have a high

content of apatite [Ca10(PO4)6(OH,F,Cl)2], are eVective metal adsorbents

(Singh et al., 2001). However, DOM present in the solution can coat the

phosphate surfaces and thus inhibit the sorption on phosphate compounds,

reducing the amount and rate at which phosphate becomes available for

precipitation.
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Application of limestone and alkaline waste by‐products such as berin-

gite, a modified aluminosilicate produced from the fluidized bed burning of

coal refuse, to the soil has increased pH and precipitated metals, Beringite

depresses TEs (Adriano et al., 2004) mobility, apparently by precipitation,

ion exchange and crystal growth. Zeolites have reduced TEs solubility by

changing the soil pH and, to some extent, by binding metals to their surfaces

(Mench et al., 1998; Wingenfelder et al., 2005). Synthetic zeolites tend to be

more eYcient than natural zeolites. Ferric hydrous oxide also is known to

retard metal mobility (Kukier and Chaney, 2001).

Applications of OM and biosolids to soils increase DOC pool, which

could form complexes with TEs; more than 90% of Cu, Zn, and Pb were

complexed with DOC and mineral colloids (Al‐Wabel et al., 2002). Planquart

et al. (1999) found migration of Cu and Pb within the profile as a result of

the application of biosolids, probably due to the release of soluble organic

compounds. However, although soluble TEs increased with long term appli-

cation of biosolids, an increase in metal adsorption and hence decreased

bioavailability has been reported due to enhanced adsorptive phase (Chubin

and Street, 1981; Li et al., 2001).

E. REDOX POTENTIAL

Redox processes are controlled by the aqueous free electron activity

(Sposito, 1983), but certain microorganisms can modify and mediate most

redox reactions in aquatic and terrestrial environments (Motelica‐Heino

et al., 2003). Several elements, such as As, Cr, Mn, Fe, V, Mo, and Se,

manifest diVerent oxidation states in the environment. Arsenic is found in

�3, 0, þ3, and þ5 oxidation states. At the soil surface, oxidizing conditions

are favored, so it allows the formation of either As(V) or As(III). However,

microbial activity could promote methylation, demethylation, or change in

the oxidation state, while the presence of clay minerals, Fe, Al, Mn oxides,

and OM can also modify the oxidation state (O’Neill, 1995). The most stable

As chemical species are H3AsO4 up to pH 2.2, H2AsO4
� in the pH range

approximately between 2 and 7, and HAsO4
2� above pH 7. It has been

reported that more than 90% of the total As present in the soil was arsenate

(Matera et al., 2003). Furthermore, As was shown to move to groundwaters

180‐m deep, being released from minerals such as adamite [Zn2(AsO4)OH],

arsenopyrite (FeAsS), lolingite (Fe2As), mimetite [Pb5(AsO4)�Cl], olivinite
[Cu2(AsO4)OH], hidalgoite [PbAl3(AsO4)SO4OH6], and tennantite

[(CuFe)12As4S13] (Armienta et al., 1997).

Chromium, Hg, Se, and Mn occur in more than one oxidation state, with

their solubility in the soil depending on pH and mineral content. Cr(III) is an

essential nutrient, it has a low solubility, it is mainly trivalent, it is specifically
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sorbed by Fe, Mn, and clay minerals, and its concentration in solution

decreases with increasing pH and soil OM content (Bartlett and Kimble,

1976). Cr(VI) on the other hand is anionic, relatively soluble and represents a

very mobile ion. Combined with its toxicity and carcinogenicity, this element

certainly warrants careful speciation to diVerentiate trivalent from hexava-

lent chromium. The mobile and reactive chemical species of mercury are

Hg0, (CH3)2Hg. Hg2þ and HgXn
2þn�, where X could be OH�, Cl�, Br�, or

organic ligands, hence more than one oxidation state could be present in

the same environmental matrix. Selenate Se(VI) (HSeO4
�) is the most mobile

form of Se that can be leached to groundwaters. But, it is unlikely that selenate

could migrate to deeper groundwaters underlying acid soils (Neal, 1995).

Manganese occurs in two oxidation states: Mn(IV), which is the most

stable in neutral to slightly alkaline conditions, and Mn(II), which is stable

in reducing conditions. The solubility of Mn is highly sensitive to redox

conditions; under oxidizing conditions Mn is precipitated as nodules or

concretions of Mn oxides, but reduction of Mn oxides increases Mn solubil-

ity (Sposito, 1989). TEs such as Cu, Co, Cr, Ni, Pb, and Zn associate to Mn

oxides through coprecipitation and substitution (Green et al., 2003; Liu

et al., 2002; Negra et al., 2005), so when Mn is reduced the solubility of

Pb, Zn, Cu, and Ni increases. Under experimental conditions, a reduction of

300 mV in Eh was enough to increase Cu, Ni, and Zn solubility fourfold

(Green et al., 2003).

Vanadium may occur in þ2, þ3, þ4, and þ5 oxidations states, from

which V(IV) and V(V) are the dominant and more soluble species in moder-

ately reducing and aerobic conditions. Reduction to V(V) decreases V mobil-

ity (Fox and Doner, 2002). Molybdenum may exist in nature in �4, �6

valence states, with Mo(VI) being the dominant species in oxic conditions.

In anoxic materials such as sediments, TEs are typically associated with

OM, sulfides and, to a smaller extent, carbonates and other mineral fractions

(Cantwell et al., 2002). When reduced humic materials or sediments are

exposed to oxidizing conditions for a long period, certain organic com-

pounds and TEs such as Cd are released (Gambrell et al., 1980; Motelica‐
Heino et al., 2003). This happens because TE ions can form complexes with

oxidized radicals, as documented for Cu2þ, Mn2þ, Mo(V), Mo(III), Cr
3þ,

(VO)2þ, and Fe3þ ions (Schnitzer, 2000). TEs are released also when sulfide

precipitates (from slag tailing residues) are exposed to aerobic environment.

Under anoxic conditions sulfides can eVectively bind Zn and Cd (Lu and

Chen, 1977). Oxidation of sulfide to sulfate in anaerobic dredged sediments

results in the release of Cd, Ni, Pb, Zn, Fe, and Mn (Brooks et al., 1968;

Patrick et al., 1977). When redox potential of polluted soils is changed to

�60 mV, dissolved concentrations of Cd and Pb decreased between pH 5

and 6 (Davranche and Bollinger, 2001).
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F. CLAY CONTENT AND SOIL STRUCTURE

Clay‐rich soils generally have higher retention capacity than soils with

little or no clay (Murray et al., 2004). Cation sorption on clay minerals varies

depending on clay nature and cation properties. Vermiculites adsorbed

twice as much Cs than illite and 20 times more than kaolinite in a single

cation suspension (Tamura, 1972). The Pb and Cu adsorption was higher

than Zn, Ni, and Cd adsorption on illite, beidellite, and montmorillonite.

Desorption followed the trend Pb > Cd � Cu > Ni > Zn for beidellite and

Pb > Cd ¼ Cu > Ni > Zn for illite and montmorillonite (Rybicka et al.,

1995). Tiller et al. (1984) found a Pellustert (containing montmorillonite

and kaolinite) adsorbed more Cd, Zn, and Ni than a Haplohumox or an

Udalf (containing illite, kaolinite, chlorite, and quartz) at low pH value (4.5),

while at high‐pH values (>6.5) Cd and Ni adsorption capacity of Udalf

was higher.

Selectivity of TE cation adsorption varies with clay minerals. Vermiculite

is very eVective for adsorbing Cu2þ, Pb2þ, Cd2þ, Zn2þ, and Ni, and the

selectivity is greater than in montmorillonite, apparently due to more specific

adsorption sites (Malla, 2002). But selectivity changes with cations, as

Brigatti et al. (2004) found that montmorillonite adsorbed greater amount

of Hg than vermiculite. Tiller et al. (1984) identified three reaction types,

each having diVerent aYnities for cations: (1) those associated with iron

oxides, which appeared to be controlled by metal ion hydrolysis; (2) those

associated with organic colloids; and (3) those associated with 2:1 clay

minerals with lower sensitivity to pH.

Proportion of nonspecifically sorbed elements is low in soils containing

iron oxides. The sequence of metal cation selectivity is aVected by the

aging (weathering) of the soil, with younger soils, such as alfisol and ultisol,

adsorbing more cations than older soils, such as Oxisol (Gomes et al., 2001).

Such aYnity could be linked to the mineral composition. Abd‐Elfattah and

Wada (1981) observed the following selective adsorption:

Pb : Fe‐oxides;HtðhalloysiteÞA‐ImðimogoliteÞ;AðallophaneÞ >
Humus;KtðkaoliniteÞ > MtðmontmorilloniteÞ

Cu : Fe‐oxides;Ht A‐Im > Humus;Kt;A > Mt

Zn : Fe‐oxides;Ht;A‐Im > Kt > A;Humus > Mt

Cd : Fe‐oxides > A‐Im > A;Kt > Ht;Mt

Surface complexation of metal cations at aluminol or silanol sites of

allophane and imogolite depends on pH. The aYnity sequence for cation

adsorption on aluminol and silanol groups is still incomplete, but from the
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order of decreasing aYnity it can be viewed that the selectivity sequence

depends on the molar Si/Al ratio (Harsh et al., 2002).

Formation of clay–hydroxide complexes aVects metal clay retention.

Even at low pH, clay–Al hydroxide polymer complexes play an important

role in metal binding, because the metal binding aYnity for these complexes

is greater than for pure Al hydroxides (Barnhisel and Bertsch, 1989; Janssen

et al., 2003; Keizer and Bruggenwert, 1991). Hydroxyaluminum and hydro-

xylaluminosilicate montmorillonite complexes are common in acid to slightly

acid soils. These complexes adsorb much more Cd, Zn, and Pb than the

single montmorillonite (Saha et al., 2002). Elements such as Cr(VI) are

adsorbed on Fe, Mn, and Al oxides, kaolinite and montmorillonite with

hydroxyl groups on their surface (Davis and Lackie, 1980). However, small

minerals such as lepidocrocite (g‐FeOOH) particles with adsorbed TEs can

be mobilized with the drainage water (Roussel et al., 2000).

Leaching experiments in lysimeters with repacked soils may underesti-

mate metals transport, because they do not replicate well the natural pore

structure and do not involve preferential flow through macropores, root

channels, and cracks (Carey et al., 1996). Any alteration of the soil structure

may aVect the hydraulic conductivity and the contact time between the soil

and solute, before it is leached out of the soil profile. In structured soils the

interaction between solid and solute is reduced, and the probability of TEs

bypassing the soil matrix increases. Since the disturbance of the soil structure

changes the connectivity of pores and the apparent water dispersion, the

mobile water content in homogenized soils, as well as the water volume to

displace the solute, increases (Cassel et al., 1974).

Main factors aVecting mobility or bioavailability of TEs in soils are

summarized in Table II. The most important factors aVecting TEs release

from soil are pH, OM including DOM, and chemical speciation, while clay

content and redox potential are less important.

V. TRANSPORT MODELING

Model development, its parameterization and validation for simulating

transport of TEs is important for environmental impact assessment studies,

as well as for research and teaching purposes. A large number of models of

varying degree of complexity and dimensionality have been developed dur-

ing the past several decades to quantify the basic physical and chemical

processes aVecting water flow and transport of TEs in the unsaturated

zone (Šimůnek, 2005). Modeling approaches range from relatively simple

analytical (Šimůnek et al., 1999b; Toride et al., 1995) and semianalytical

solutions, to more complex numerical codes that permit consideration of a
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large number of simultaneous nonlinear processes for one (Šimůnek et al.,

1999a, 2005; Yeh et al., 1992) or multiple (Jacques and Šimůnek, 2005;

Steefel, 2000; Yeh and Cheng, 1999) solutes. While analytical and semiana-

lytical solutions are still popular for some applications, the ever‐increasing
power of personal computers, and the development of more accurate and

numerically stable solution techniques have motivated the much wider use of

numerical codes in recent decades. The wide use of numerical models is also

significantly enhanced by their availability in both the public and com-

mercial domains, and by the development of sophisticated graphic‐based
interfaces that can substantially simplify their use (Šimůnek et al., 1999a).

Although a large number of models exists, there are no models that

consider all complex processes aVecting transport of TEs. Soils often contain

micro‐ and macropores, in which water moves preferentially in macropores

and is stagnant in micropores, and in which there is no significant interaction

Table II

EVects of Soil Factors on Trace Metal Mobility and/or Bioavailabilitya

Soil factor AVected process

EVect on

process

Low pH Decreasing sorption of cations onto oxides of

Fe and Mn

Increase

Increasing sorption of anions onto oxides of

Fe and Mn

Decrease

High pH Increasing precipitation of cations as carbonates

and hydroxides

Decrease

Increasing sorption of cations onto oxides of

Fe and Mn

Decrease

Increasing complexation of certain cations by

dissolved ligands

Increase

Increasing sorption of cations onto (solid)

humus material

Decrease

Decreasing sorption of anions Increase

High‐clay content Increasing ion exchange for trace cations (at all pH) Decrease

High‐swelling clays Forming structured soils, which allow bypass flow Increase

High OM (solid) Increasing sorption of cations onto humus material Increase

High‐(soluble)
humus content

Increasing complexation for most trace cations Decrease/

increase

Competing ions Increasing competition for sorption sites Increase

Dissolved inorganic

ligands

Increasing trace metal solubility Increase

Fe and Mn oxides Increasing sorption of trace cations with increasing pH Decrease

Increasing sorption of trace anions with decreasing pH Decrease

Low redox Decreasing solubility at low Eh as metal sulfides Decrease

Decreasing solution complexation with lower Eh Increase/

decrease

aAdapted from Adriano (2001).
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between the soil solution and the immobile phase. Structured soils may

develop compacted peds and/or temporal cracks depending on the moisture

conditions. Trace elements are aVected by a multitude of complex, interac-

tive physical, chemical and biological processes (Sections II.A and B). The

transport and transformation of many TEs is further mediated by subsurface

aerobic or anaerobic bacteria. Simulating these and related processes

requires coupled reactive transport codes that integrate the physical processes

of nonequilibrium/preferential variably saturated water flow and advective–

dispersive solute transport with a range of biogeochemical processes. Models

still need to be developed that would describe all these complex interactions.

A. VARIABLY SATURATED WATER FLOW

1. Uniform Flow

Predictions of water movement in the vadose zone are traditionally

made using the Richards equation for variably saturated water flow. For a

one‐dimensional soil profile this equation is given by

∂yðhÞ
∂t

¼ ∂
∂z

KðhÞ∂h
∂z

� KðhÞ
� �

� S ð10Þ

where y is the volumetric water content (L3L�3), h is the soil water pressure

head (L), t is time (T), z is distance from the soil surface downward (L), K is

the hydraulic conductivity (LT�1) as a function of h or y, and S (T�1) is the

sink term accounting for root water uptake. Since Eq. (10) is a highly

nonlinear partial diVerential equation, it is typically solved for specified

initial and boundary conditions numerically, using finite diVerences or finite
elements methods. Nonlinearity of the Richards equation is due to the

nonlinearity in the soil hydraulic properties, which are characterized by the

retention curve, y(h), and the hydraulic conductivity function, K(h). The soil

hydraulic properties in numerical models are usually represented by two

analytical functions, such as those developed by Brooks and Corey (1964),

van Genuchten (1980), or Durner (1994).

2. Preferential Flow

Preferential flow in structured media (macroporous soils) can be de-

scribed using a variety of dual‐porosity, dual‐permeability, multiporosity,

and/or multipermeability models (Bodvarsson et al., 2003; Gerke and
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van Genuchten, 1993; Jarvis, 1994; Šimůnek et al., 2003). Dual‐porosity and

dual‐permeability models both assume that the porous medium consists of

two interacting regions, one associated with the inter‐aggregate, macropore,

or fracture system, and the other one comprising micropores (or intra‐
aggregate pores) inside soil aggregates or the rock matrix. While dual‐porosity
models assume that water in the matrix is stagnant, dual‐permeability models

allow for water flow in the matrix as well.

Equation (10) can be extended for dual‐porosity system as follows

(Šimůnek et al., 2003):

y ¼ ym þ yim

∂ym
∂t

¼ ∂
∂z

KðhÞ ∂h
∂z

� 1

0
@

1
A

2
4

3
5� Sm � Gw

∂yim
∂t

¼ �Sim þ Gw

ð11Þ

where ym is the mobile (flowing) water content representing macropores or

inter‐aggregate pores (L3L�3), yim is the immobile (stagnant) water content

representing micropores (matrix) or intra‐aggregate regions (L3L�3), Sm and

Sim are sink terms for both regions (T�1), and Gw is the transfer rate for

water from the inter‐ to the intra‐aggregate pores (T�1).

Available dual‐permeability models diVer mainly in how they imple-

ment water flow in and between the two pore regions. Approaches to cal-

culating water flow in macropores or inter‐aggregate pores range from those

invoking Poiseuille’s equation (Ahuja and Hebson, 1992), the Green and

Ampt or Philip infiltration models (Ahuja and Hebson, 1992; Chen and

Wagenet, 1992), the kinematic wave equation (Germann and Beven, 1985;

Jarvis, 1994), and the Richards equation (Gerke and van Genuchten, 1993).

Gerke and van Genuchten (1993) applied Richards equations to each of two

pore regions. The flow equations for the macropore (fracture) (subscript f)

and matrix (subscript m) pore systems in their approach are given by

y ¼ wyf þ ð1� wÞym
∂yfðhfÞ

∂t
¼ ∂

∂z
Kf ðhfÞ ∂hf

∂z
� 1

0
@

1
A

2
4

3
5� Sf ðhf Þ � Gw

w

∂ymðhmÞ
∂t

¼ ∂
∂z

KmðhmÞ ∂hm
∂z

� 1

0
@

1
A

2
4

3
5� Sm ðhmÞ þ Gw

1� w

ð12Þ

respectively, where w is the ratio of the volumes of the macropore (or fracture

or inter‐aggregrate) domain and the total soil system (–). This approach
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is relatively complicated in that the model requires characterization of water

retention and hydraulic conductivity functions (potentially of diVerent form)

for both pore regions, as well as the hydraulic conductivity function of the

fracture–matrix interface. Note that the water contents yf and ym in (12)

have diVerent meanings than in (11) where they represented water contents

of the total pore space (i.e., y ¼ ym þ yim), while here they refer to water

contents of the two separate (fracture or matrix) pore domains (i.e., y ¼ wyf
þ (1–w)ym).

Multiporosity and/or multipermeability models are based on the same

concept as dual‐porosity and dual‐permeability models, but include addi-

tional interacting pore regions (Gwo et al., 1995; Hutson and Wagenet,

1995). For a recent comprehensive review of various modeling approaches

used to simulate preferential flow see Šimůnek et al. (2003).

B. SOLUTE TRANSPORT

1. Convection–Dispersion Equation

Under ideal soil conditions the convection–dispersion equation for reac-

tive solutes can be used for modeling solute transport under unsaturated

conditions:

∂rs
∂t

þ ∂yc
∂t

¼ ∂
∂z

yD
∂c
∂z

� qc

� �
� f ð13Þ

where s is the solute concentration associated with the solid phase of the soil

(MM�1, e.g.,mol kg�1), c is the solute concentration in the liquid phase (ML�3,

e.g., mol m�3), r is the soil bulk density (ML�3), y is the volumetric water

content (L3L�3), D is the solute dispersion coeYcient (L2T�1) accounting for

molecular diVusion and hydrodynamic dispersion, q is the volumetric fluid flux

density (LT�1) given by Darcy’s law, and f (ML�3T�1) is the reaction term

representing sinks or sources for solutes. The element reactivity processes, such

as ion exchange, precipitation–dissolution, and root solute uptake can be

coupled to this equation through a reaction term f (Hinz and Selim, 1994;

Vogeler, 2001).

The governing transport Eq. (13) can be reformulated for volatile solutes

residing and being transported also in the gaseous phase as follows:

∂rs
∂t

þ ∂yc
∂t

þ ∂acg
∂t

¼ ∂
∂z

yD
∂c
∂z

� qc

� �
þ ∂
∂z

aDg
∂cg
∂z

� �
� f ð14Þ
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where a is the air content (�), cg is the concentration in the gaseous phase

(ML�3), and Dg is the diVusion coeYcient (L2T�1) accounting for molecular

diVusion in the gaseous phase. The liquid and gaseous concentrations are

usually related using Henry’s law.

2. Sorption

Soil can be viewed as a mixture of pure mineral substances, which together

form a heterogeneous soil system. Adsorption of chemicals on these mixtures

is commonly described with empirical models, since chemically meaningful

models are diYcult to apply (see Section II.A.2). The adsorption isotherm

for TEs usually has a nonlinear shape. Linear adsorption isotherms could

be expected for acid soil conditions and low concentrations. However, as

the metal concentration increases the slope of the adsorption curve changes

and thus the distribution Kd coeYcient changes as well. Adsorption is usually

very high in soils with pH higher than 6.5 and only traces of the element could

remain in the solution (Section IV.A). In addition, desorption process

can be very slow and therefore only negligible release of the TE to the soil

solution is often observed. Adsorption–desorption process is often hysteretic,

and thus a set of desorption isotherms can be obtained depending on the

initial element concentration (Fig. 6) (Carrillo‐Gonzalez, 2000). Desorption is

often not completely reversible as a result of specific adsorption, precipita-

tion, and/or occlusion reactions in the solid phase, and thus the activity of

the TE in the soil solution can be easily overestimated. Since simpler models

assume that solute adsorption is reversible, the amount of mobile TE can

be overestimated and predicted concentrations can be higher than those

observed.

Providing that the sorption of solute onto the solid phase is an instanta-

neous process, it can be described using empirical adsorption isotherms.

Many numerical models use either the Freundlich (see also (2))

s ¼ Kdc
n ð15Þ

or Langmuir isotherms

s ¼ smaxoc
1þ oc

ð16Þ

where Kd (L3M�1), n (–), and o (L3M�1) are the empirical coeYcients, and

smax is the adsorption maximum (MM�1). General formulation that encom-

passes both Freundlich and Langmuir isotherms can also be used (Šimůnek

et al., 1999a):
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s ¼ Kdc
n

1þ ocn
ð17Þ

When n ¼ 1, Eq. (17) becomes the Langmuir equation, when o ¼ 0, Eq. (17)

becomes the Freundlich equation, and when both n ¼ 1 and o ¼ 0,

Eq. (17) leads to a linear adsorption isotherm (Šimůnek et al., 1999a).

Solute transport without adsorption is described with Kd ¼ 0. Instantaneous

sorption leads to the retardation of the solute transport that is characterized

by the retardation factor R defined as:

R ¼ 1þ r
y
ds

dc
¼ 1þ rKd

y
for linear sorption

� �
ð18Þ

Kinetic nonequilibrium adsorption–desorption reactions are usually

implemented using the concept of two‐site sorption (Selim et al., 1987;

van Genuchten and Wagenet, 1989) that assumes that the sorption sites

can be divided into two fractions. Sorption on one fraction of the sites ( f, the

type‐1 sites) is assumed to be instantaneous, while sorption on the remaining

(type‐2) sites is considered to be time dependent. Sorption on the type‐2 non-

equilibrium sites is often assumed to be a first‐order kinetic rate process.

Figure 6 Adsorption–desorption isotherms of Cd in an agricultural sandy soil with 10 mM

CaCl2 as an electrolyte background (Carrillo‐González, 2000).
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∂sk
∂t

¼ ok ð1� f Þse � sk½ � � fk ð19Þ

where f is the fraction of exchange sites assumed to be in equilibrium with the

solution phase (�), ok is the first‐order rate constant (T
�1), sk is the sorption

concentration on type‐2 sites (MM�1), se is the sorption concentration on

type‐2 sites at equilibrium (MM�1), and fk is the reaction term for kinetic

sorption sites (MM�1T�1). Depending on the value of the f parameter the

two‐site sorption model simplifies to either a fully kinetic (f ¼ 0), or fully

instantaneous (f ¼ 1) sorption model.

Models based on the sorption isotherms are not suYciently general to

account for variations in sorption with pH, multiple oxidation states, electro-

static forces, and other factors. For these more complex conditions, surface

complexation models, such as the constant capacitance, diVuse double layer,
and triple layer models (Mattigod and Zachara, 1996), must be used. The

various surface complexationmodels diVer in their depiction of the interfacial
region surrounding an adsorbent, that is, the number of considered planes

and the charge‐potential relationships.
Although many adsorption processes are more accurately described by

more sophisticated surface complexation models, isotherm models have been

successfully applied to the environmentally significant classes of neutral,

relatively nonpolar organic compounds, such as chlorinated hydrocarbons

and pesticides (Šimůnek and Valocchi, 2002), or As (Decker et al., 2006a,b).

In soils with significant fractions of organic carbon, these compounds adsorb

primarily to solid‐phase organic matter as a result of hydrophobic interac-

tions, and the Kd of these compounds is often found to correlate directly with

the organic carbon content of the soil.

3. Cation Exchange

In addition to sorption, TEs can be retarded due to additional chemical

reactions, such as precipitation–dissolution, exchange of cations between

those adsorbed on the soil surfaces and colloids, and those in the soil

solution. Retention of TE (Me2þ) in soil (S) and under acid conditions can

be described as a cation‐exchange process. The exchange of any cation

(Ca2þ) by a TE cation can be written as:

CaSx þMe2þ , MeSx þ Ca2þ ð20Þ

with the corresponding exchange coeYcient KMeCa:

KMeCa ¼ qMeaCa
qCaaMe

ð21Þ
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where q is the adsorbed element and a is the activity of the free element

in the solution. This exchange coeYcient is derived for a binary system.

It can be scaled to account for eVects of various soil factors such as pH,

background cation concentration, and the nature of the soil material.

White and Zelazny (1986) provide a review of other general forms for

cation selectivity coeYcients, such as Gapon and Vanselow equations,

that are commonly used to describe cation exchange.

4. Precipitation–Dissolution

Precipitation–dissolution process can be similarly considered as either

instantaneous or kinetic (see also Section II.A). Equations describing

precipitation–dissolution reactions are also obtained using the law of mass

action, but contrary to the other processes, they are represented by inequal-

ities rather than equalities, as follows (Šimůnek and Valocchi, 2002):

Kp � Qp ¼ P
Na

k¼1
ðakÞa

p

k ð22Þ

where Kp is the thermodynamic equilibrium constant of the precipitated

species, that is, the solubility product equilibrium constant, Qp is the ion

activity product of the precipitated species, ak
p
is the stoichiometric coeY-

cient of the kth aqueous component in the precipitated species, a k is the

activity of the kth aqueous component, and Na is the number of aqueous

components. The inequality in (22) means that a particular precipitate is

formed only when the solution is supersaturated with respect to its aqueous

components; if the solution is undersaturated then the precipitated species (if

it exists) will dissolve in order to reach equilibrium conditions. Equation (22)

assumes that the activity of the precipitated species is equal to unity.

Precipitation–dissolution reactions are often orders of magnitude slower

than other chemical reactions, while rates of dissolution of diVerent minerals

can also diVer by orders of magnitude. Therefore, precipitation–dissolution

reactions usually have to be considered as kinetic, rather than equilibrium

reactions (e.g., Šimůnek and Valocchi, 2002). It is commonly assumed that

the rate of precipitation–dissolution process is proportional to the disequi-

librium of the system. Lichtner (1996) provided an excellent discussion of

kinetics and related issues (the surface area, a moving boundary problem, a

boundary layer, quasi‐stationary states, and so on). Numerical models that

account for cation exchange or precipitation–dissolution can not consider

single solutes, but need to simulate simultaneous transport of multiple

species that aVect these processes.
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5. Preferential Transport

Similarly as for water flow, preferential solute transport is usually described

using dual‐porosity (vanGenuchten andWagenet, 1989) anddual‐permeability

(Gerke and van Genuchten, 1993) models. The dual‐porosity formulation

is based on the convection–dispersion and mass balance equations as follows

(van Genuchten and Wagenet, 1989):

∂ymcm
∂t

þ ∂frsm
∂t

¼ ∂
∂z

ymDm
∂cm
∂z

0
@

1
A� ∂qcm

∂z
� fm � Gs

∂yimcim
∂t

þ ∂ð1� f Þrsim
∂t

¼ �fim þ Gs

ð23Þ

for themacropores (subscript m) andmatrix (subscript im), respectively, where

f is the dimensionless fraction of sorption sites in contact with the macropores

(mobile water), and Gs is the solute transfer rate between the two regions

(ML�3T�1).

Analogous to equations (12) for water flow, the dual‐permeability formu-

lation for solute transport can be based on advection–dispersion type equa-

tions for transport in both the fracture and matrix regions as follows (Gerke

and van Genuchten, 1993):

∂yfcf
∂t

þ ∂rsf
∂t

¼ ∂
∂z

yfDf
∂cf
∂z

0
@

1
A� ∂qfcf

∂z
� ff �

Gs

w

∂ymcm
∂t

þ ∂rsm
∂t

¼ ∂
∂z

ymDm
∂cm
∂z

0
@

1
A� ∂qmcm

∂z
� fm þ Gs

1� w

ð24Þ

where the subscript f and m refer to the macroporous (fracture) and matrix

pore systems, respectively; ff and fm represent sources or sinks in the macro-

porous and matrix domains (ML�3T�1), respectively; and w is the ratio of the

volumes of the macropore domain (inter‐aggregate) and the total soil systems

(�). Equation (24) assumes complete advective–dispersive type transport

descriptions for both the fractures and the matrix. Several authors simplified

transport in the macropore domain, for example by considering only piston

displacement of solutes (Ahuja and Hebson, 1992; Jarvis, 1994).
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C. COLLOID TRANSPORT AND COLLOID‐FACILITATED

SOLUTE TRANSPORT

Colloid‐facilitated transport is a complex process that requires knowledge

of colloid transport, dissolved contaminant transport, and colloid‐facilitated
contaminant transport. Colloids are inorganic and/or organic constituents that

are generally chemically reactive. Inorganic colloids are primarily fine‐sized
mineral soil constituents, while organic colloids are organic matter based

(Adriano, 2001). Transport equations must be formulated for both colloids

and contaminants, in all their forms. Equations must be therefore written for

the total contaminants, for contaminants sorbed kinetically or instantaneously

to the solid phase, and for contaminants sorbed to mobile colloids, to colloids

attached to the soil solid phase, and to colloids accumulating at the air–water

interface. Presentation of all these equations is beyond the scope of this manu-

script. Below we will give only selected equations (for colloid attachment–

detachment, and total contaminant) from the total set of equations for

colloid‐facilitated transport that were recently incorporated in the HYDRUS

software packages (Šimůnek et al., 2006b; van Genuchten and Šimůnek,

2004). We refer readers to other literature for a complete description of the

colloid‐facilitated transport (Corapcioglu and Choi, 1996; Hornberger et al.,

1992; van Genuchten and Šimůnek, 2004).

Colloids are subject to the same subsurface fate and transport processes as

chemical compounds, while additionally being subject to their own unique

complexities (van Genuchten and Šimůnek, 2004). For example, many col-

loids are negatively charged so that they are electrostatically repelled by

negatively charged solid surfaces. This phenomenon may lead to an anion

exclusion process causing slightly enhanced transport relative to fluid flow.

Size exclusion may similarly enhance the advective transport of colloids by

limiting their presence andmobility to the larger pores (Bradford et al., 2003).

In addition, the transport of colloids is aVected by filtration and straining in

the porousmatrix, which is a function of the size of the colloid, the water‐filled
pore size distribution, and the pore water velocity (Bradford et al., 2003).

Colloid fate and transport models are commonly based on some form of

the advection–dispersion equation [e.g., Eq. (13)], but modified to account

for colloid filtration (Harvey and Garabedian, 1991) and the colloid accessi-

bility of the pore space. The colloid mass transfer term between the aqueous

and solid phases is traditionally given as:

r
∂sc
∂t

¼ r
∂ðsattc þ sstrc Þ

∂t
¼ ywkaccscc � rkdcs

att
c þ ywkstrcstrcc ð25Þ

in which cc is the colloid concentration in the aqueous phase (nL�3), sc is the

solid phase colloid concentration (nM�1), sc
att and sc

str are the solid phase
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colloid concentrations (nM�1) due to colloid filtration and straining, respec-

tively; yw is the volumetric water content accessible to colloids (L3L�3) (due

to ion or size exclusion, yw may be smaller than the total volumetric water

content y, kac, kdc, and kstr are first‐order colloid attachment, detachment,

and straining coeYcients (T�1), respectively, and cs and cstr are a dimen-

sionless colloid retention functions (–). The attachment coeYcient is gener-

ally calculated using filtration theory (Logan et al., 1995). To simulate

reductions in the attachment coeYcient due to filling of favorable sorption

sites, cs is sometimes assumed to decrease with increasing colloid mass

retention.

At the same time, in addition to being subject to adsorption–desorption

process at solid surfaces and straining in the porous matrix (Bradford et al.,

2003), colloids may accumulate at air–water interfaces (Thompson and

Yates, 1999; Wan and Tokunaga, 2002; Wan and Wilson, 1994). A model

similar to Eq. (25) may be used to describe the partitioning of colloids to the

air–water interface

∂AawGc

∂t
¼ ywcacakacacc � AawkdcaGc ð26Þ

where Gc is the colloid concentration adsorbed to the air–water interface

(nL�2), Aaw is the air–water interfacial area per unit volume (L2L�3), caca is a

dimensionless colloid retention function for the air–water interface (–) similarly

as used in Eq. (25), and kaca and kdca are the first‐order colloid attachment and

detachment coeYcients to/from the air–water interface (T�1), respectively.

The mass balance equation for the total contaminant, that is, the com-

bined dissolved and colloid‐facilitated contaminant transport equation (in

one dimension) is given by (Šimůnek et al., 2006b; van Genuchten and

Šimůnek, 2004):

∂yc
∂t

þ r
∂se
∂t

þ r
∂sk
∂t

þ ∂ywscsmc

∂t
þ r

∂scsic
∂t

þ ∂AawGcsac
∂t

¼

∂
∂z

yD
∂c
∂z

0
@

1
A� ∂qc

∂z
þ ∂
∂z

ywsmcDc
∂cc
∂z

0
@

1
A� ∂qcccSmc

∂z
� f ð27Þ

where y is the volumetric water content (L3L�3) (note that we use the entire

water content for the contaminant), c is the dissolved contaminant concen-

tration in the aqueous phase (ML�3), se and sk are contaminant concentra-

tions sorbed instantaneously and kinetically, respectively, to the solid phase

(MM�1); smc, sic, and sac are contaminant concentrations sorbed to mobile

and immobile (attached to solid and air–water interface) colloids (Mn�1),
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respectively; D is the dispersion coeYcient for contaminants in solution

(L2T�1), q is the volumetric water flux density for the contaminant (LT�1),

Dc is the dispersion coeYcient for colloids (L2T�1), and qc is the volumetric

water flux density for colloids (LT�1), and f represents various chemical and

biological reactions, such as degradation and production (ML�3T�1). Note

that the left side sums up the mass of contaminant associated with the

diVerent phases (contaminant in the liquid phase, contaminant sorbed in-

stantaneously and kinetically to the solid phase, and contaminant sorbed to

mobile and immobile (attached to solid phase or air–water interface) col-

loids), while the right side considers various spatial mass fluxes (dispersion

and advective transport of the dissolved contaminant, and dispersion and

advective transport of contaminant sorbed to mobile colloids) and reactions.

Additional partial diVerential equations need to be formulated to describe:

(1) kinetic sorption of contaminant to the solid phase, (2) contaminant

sorbed to mobile colloids, and (3) contaminant sorbed to immobile (attached

to solid and air–water interface) colloids (Šimůnek et al., 2006b; van

Genuchten and Šimůnek, 2004).

VI. MODEL APPLICATIONS AND CASE STUDIES

Since there has already been a very large number of applications of model

of varying degree of complexity reported in the literature, we give below only

selected examples of these applications. We divided them into two main

groups. Single‐component models, that is, models that consider transport

of single solutes without considering implicitly simultaneous transport of

other solutes and their mutual interactions, represent the first group of

applications. Multicomponent models, that is, models that simulate simulta-

neous transport and interactions of multiple solutes, represent the second

group.

A. SINGLE‐COMPONENT MODELS

Simons used successfully a simple model for describing salts movement in

soils (Rowell, 1994). In this model the soil is divided into a number of layers,

while each layer is assumed to be spatially homogeneous with the constant

concentration. The simulations were carried out using a single distribution

constant, but could be improved when the adsorption behavior was properly

modeled. Černı́k et al. (1994) used convection–dispersion and stochastic

convection models (both linear) to explain the Cu and Zn concentrations

in the soil profile, deposited from metal smelter. Carey et al. (1996) proposed

to describe a nonsymmetrical sigmoidal shape of the breakthrough curves
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using the double exponential biomass growthmodel, known as the Gompertz

equation. Petersen and Petrie (1999) developed a transport reaction model

for heap leaching, in which kinetic and equilibrium reactions of the trace

elements can be incorporated. In this model the soil column is divided into a

number of layers, in which the bulk concentration is assumed spatially con-

stant. They suggested that this is a good model for environmental risk assess-

ment studies. Vogeler et al. (2001) used a model based on the numerical

solution of the Richards and convection–dispersion equations (see Section V)

to reliably predict movements of copper and bromide through the soil, into

which a chelating agent (EDTA) had been added to increase the solubility of

TEs for plant uptake during phytoremediation. Seuntjens et al. (2001) used

water flow and solute transport numerical model HYDRUS‐1D (Šimůnek

et al., 1998) to evaluate eVects of aging on cadmium transport in undisturbed

contaminated sandy soil columns. Similarly, Bahaminyakamwe et al. (2006)

used HYDRUS‐1D to simulate copper mobility in soils as aVected by sewage

sludge and low molecular weight organic acids.

Models simulating leaching of solutes through porousmedia are often based

on the convection–dispersion equation and usually have significant limitations

for application to natural soil conditions. Convection–dispersion‐equation
based models are well suited to homogeneous repacked soils, fully saturated,

steady‐state flow conditions, and a simple pulse injection of contaminants

(Jarvis et al., 1999). However, it is often reported that mass flow in the soil

matrix provides only a minor contribution to element transport and that

preferential transport through macropores and cracks dominates the trace

element transport. Modeling of these phenomena still represents an important

challenge.

Most computer programs modeling the transport of TEs have described

adsorption using the distribution coeYcient. But the sorption process is often

diVerent from the desorption process, and the concentration of the TE in the

solution is also directly determined by the rate of desorption. Zachara et al.

(1993) modeled the Cd leaching using theKd value calculated from desorption

isotherms. In steady‐state flow experiments, Tran et al. (1998) observed an

anomalous increase of the Cd concentration in the solution during interrup-

tion of the flow. This indicated that Cd was desorbed kinetically during the

interruption period.

Considering the distribution coeYcient to be constant for all soil layers may

lead to an improper evaluation of the sorption phenomena and to serious errors

in predicting contaminant transport through unsaturated soils (Elzahabi and

Yong, 2001). In order to properly simulate movement of TEs in soils, it is

necessary to consider diVerent adsorption coeYcients and rates for diVerent soil
layers. Competition between TEs for sorption sites may also aVect the retarda-
tion of some elements. Since there is not enough information available about
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this process, more research about the interaction and competition among TEs

during transport is needed.

Models simulating solute movement in structured soils must provide at

least two essential features. They must describe eVects of naturally occurring

particles on the TE transport and simulate water flow and particle transport

in structural macropores (White, 1985). Models should also be able to

describe transient water flow and solute transport in layered, subsurface

drained, macroporous soil (Jarvis, 1994). MACRO is one of such models

that provide majority of required features and that was applied successfully

to describe pesticide transport at the field scale (Besien et al., 1997). The

latest version of HYDRUS‐1D (Šimůnek et al., 2005) also provides several

diVerent approaches to simulate preferential flow and transport using vari-

ous dual‐porosity and dual‐permeability concepts (Pot et al., 2005; Šimůnek

et al., 2003), as well as modules to simulate colloid transport and colloid

facilitated solute transport (Šimůnek et al., 2006b; van Genuchten and

Šimůnek, 2004).

B. MULTICOMPONENT MODELS

Contrary to single‐component models that consider transport of only one

solute and thus can not dynamically adjust behavior of this solute in re-

sponse to other solutes present, multicomponent models simultaneously

simulate transport of multiple solutes, and thus behavior of one solute can

react to the presence of other solutes. Multiple solutes can mutually compete

for sorption sites, can create various aqueous complexes, and can precipitate

or dissolve depending on actual conditions in the soil profile.

Many environmental applications of reactive multispecies solute transport

models appeared in the literature during the last two decades. For example,

water leaching from various tailing piles (such as from uranium mills) often

contains many trace metals including molybdenum, selenium, arsenic, and

chromium (Brookins, 1984). Using the HYDROGEOCHEM model, Yeh

and Tripathi (1991) simulated the release of trace metals and acidity from an

acidic uraniummill tailings pile.Narasimhan et al. (1986) used theDYNAMIX

model to study groundwater contamination from an inactive uranium mill

tailings pile.Walter et al. (1994), Lichtner (1996), andGerke et al. (1998) carried

out similar studies. Another significant challenge is to design and evaluate

facilities for a safe disposal and long term isolation of radioactive waste,

especially high‐level nuclear waste. The migration of neptunium between the

repository and the ground water table after a hypothetical repository breach at

the potential high‐level nuclear waste repository at Yucca Mountain, Nevada,

was studied using a multicomponent solute transport model by Viswanathan

et al. (1998). Fate of metal‐organic mixed wastes was studied by Rittmann

MECHANISMS AND PATHWAYS OF TE MOBILITY IN SOILS 157



Comp. by: Skarthi Date:9/8/06 Time:18:53:02 Stage:1st Revises File Path://
Spsind002s/Production/PRODENV/0000000001/0000000942/0000000016/
0000088394.3D Proof by: QC by: ProjectAcronym:bs:AGRON Volume:91003

C
O
R
R
E
C
T
E
D
P
R
O
O
F

and VanBriesen (1996) and VanBriesen (1998). An example of a biogeo-

chemical multicomponent model is PHREEQC (Parkhurst and Appelo,

1999) that was, for example, used to simulate Cd and Zn transport by Voegelin

and Kretzschmar (2003). Significant limitation of the PHREEQC and many

other models, however, is that they can consider only one‐dimensional or

steady‐state water flow conditions.

The more general geochemical transport modeling approach was used

recently in several codes that coupled transient unsaturated flow to general

biogeochemistry models. These include 3DHYDROGEOCHEM (Yeh and

Cheng, 1999), CORE2D (Samper et al., 2000), MIN3P (Mayer et al., 2002),

RETRASO (Saaltink et al., 2004) and HP1 (Jacques and Šimůnek, 2005). In

the multicomponent transport model of Jacques and Šimůnek (2005) the

HYDRUS‐1D water flow and solute transport model (Šimůnek et al., 1998)

was coupled with the PHREEQC geochemical speciation model (Parkhurst

and Appelo, 1999). PHREEQC considers a variety of chemical reactions,

such as aqueous speciation; gas, aqueous, and mineral equilibrium;

oxidation–reduction reactions; and solid‐solution, surface‐complexation,

ion‐exchange, and kinetic reactions, while HYDRUS‐1D considers transient

variably saturated water flow and heat and solute transport for both homo-

geneous and heterogeneous soil profiles. The combined HYDRUS1D‐
PHREEQC model, HP1 (Jacques and Šimunek, 2005) permits simultaneous

simulations of variably saturated transient water flow, multicomponent

solute transport, and speciation and other geochemical processes, including

a broad range of mixed equilibrium and kinetic reactions.

Jacques et al. (2002, 2003) and Šimunek et al. (2006a) presented several

examples that illustrate the potential power and versatility of the coupled

multicomponent geochemical modeling approach used in HP1. The first

example solved the hypothetical problem dealing with the multicomponent

transport of major cations (Al, Ca, K, Na, and Mg), anions (Cl and Br), and

three trace metals (Cd, Pb, and Zn) in a saturated short soil column. In this

example, a fully saturated 8‐cm long vertical soil column having an initial

solution defined as ‘‘Initial’’ aqueous solution in Table III and its ion‐
exchange complex in equilibrium with this solution was considered. This

problem simulates leaching of Cd, Pb, and Zn from an initially contami-

nated soil core using Ca‐rich leaching water. Removal of trace metals from

the solid phase was calculated by ion exchange with Ca, and to a lesser

degree with Mg. Water was applied to the top of the column at a steady rate

of 2 cm day�1 and having a chemical composition as given by ‘‘Boundary’’

aqueous solution in Table III. Dispersivity was considered to be 0.2 cm, and

CEC equal to 11 mmol per cell. Resulting outflow concentrations at the

outlet are shown in Fig. 7.

The second example simulated trace metal transport in a multilayered soil

profile assuming steady‐state water flow and pH‐dependent cation‐exchange
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capacities. The third example extended the analysis to variably saturated flow

by simulating the long‐term fate and transport of trace metals under transient

field conditions. This example demonstrated that transient simulations

resulted in dramatically diVerent predictions than those based on steady‐
state water flow. Total concentrations were up to one order of magnitude

higher than those obtained assuming steady‐state flow. This was mainly

caused by fluctuating pH in the transient case that caused significantly diVer-
ent mobility of trace metals throughout the year and resulted in significantly

more leaching compared to the case of steady‐state flow. All three examples

were limited to aqueous speciation and equilibrium ion‐exchange reactions.
Yet another problem simulated based on a study of Adler (2001) the intrusion

of a high‐pH solution (pH 13) into a compacted clay core leading to kinetic

dissolution of primaryminerals (kaolinite, illite, quartz, calcite, dolomite, and

gypsum) and precipitation of secondary minerals (sepiolite and hydrotalcite).

The eVect of inorganic ligands (Cl) in the soil solution on the Cd transport

has been demonstrated by Jacques et al. (2004), who investigated undis-

turbed 1‐m long, 0.8‐m wide lysimeter experiments under quasi steady‐
state flow conditions. During leaching with 0.005 M CaCl2, a 1‐day pulse

Table III

Main Components, Complex Species, and Exchange Species (X Refers to Ion Exchanger)

Considered in the HP1 Simulation of the Leaching of Trace Metals from a Short Laboratory

Column (Jacques et al., 2002)

Components Species

Aqueous solutions (mmol liter�1)

Boundary Initial

Al Al3þ, Al(OH)2þ, Al(OH)2
þ,

Al(OH)3, Al(OH)4
�

0.1 0.5

Br Br� 3.7 11.9

Cl Cl� (and Cd, Pb, and Zn‐species) 10 0.0

Ca Ca2þ, Ca(OH)þ 5 0.0

K Kþ, KOH 0 2

Na Naþ, NaOH 0 6

Mg Mg2þ, Mg(OH)þ 1 0.75

Cd Cd2þ, Cd(OH)þ, Cd(OH)2, Cd(OH)3
�,

Cd(OH)4
2�, CdClþ, CdCl2, CdCl3

�
0 0.09

Pb Pb2þ, Pb(OH)þ, Pb(OH)2, Pb(OH)3
�,

Pb(OH)4
2�, PbClþ, PbCl2, PbCl3

�, PbCl4
2�

0 0.1

Zn Zn2þ, Zn(OH)þ, Zn(OH)2, Zn(OH)3
�,

Zn(OH)4
2�, ZnClþ, ZnCl2, ZnCl3

�, ZnCl4
2�

0 0.25

X AlX3, AlOHX2, CaX2, CdX2, KX,

NaX, MgX2, PbX2, ZnX2 (mmol)

0 11.0

Aqueous solutions initially in the soil profile (Initial) and applied as the boundary condition

(Boundary).

MECHANISMS AND PATHWAYS OF TE MOBILITY IN SOILS 159



Comp. by: Skarthi Date:9/8/06 Time:18:53:03 Stage:1st Revises File Path://
Spsind002s/Production/PRODENV/0000000001/0000000942/0000000016/
0000088394.3D Proof by: QC by: ProjectAcronym:bs:AGRON Volume:91003

C
O
R
R
E
C
T
E
D
P
R
O
O
F

of 0.05 M CaCl2 was given to mobilize Cd. The inflow of Cl‐rich water

clearly enhanced the leaching of Cd due to exchange with Ca and a mere

mobile inorganic complex forming with chloride. A coupled reactive trans-

port model for unsaturated transient flow conditions HP1 (Jacques and

Šimůnek, 2005) was used to describe the experiments. Adsorption of Cd,

some other trace metals (Cu, Pb, Zn) and major cations (Mg, Ca, Na, K) was

described with a (multisite) cation‐exchange complex model. Outflow con-

centrations of these components were modeled for a series of Cl‐poor and
Cl‐rich water applications.

In yet another example, Jacques et al. (2005) evaluated the impact of long‐
term applications of mineral fertilizers ((super)phosphates) containing small

Figure 7 Outflow concentrations of selected major cations (left) and heavy metals (right)

calculated using HP1 during steady‐state saturated flow.
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amounts of 238U and 230Th to agricultural soils. Field soils that receive

P‐fertilizers accumulate U and Th and their daughter nuclides, which may

eventually leach to groundwater. They used the HP1 code that accounted for

interactions between U and organic matter, phosphate, and carbonate,

considered surface complexation as the major solid phase interaction, and

coupled all geochemical processes with transient soil water flow. Jacques

et al. (2005) carried out calculations using a semisynthetic 200‐year long time

series of climatological data for Belgium and evaluated U fluxes into the

groundwater. These examples show that the coupling of HYDRUS‐1D and

PHREEQC leads to a potentially very powerful tool for simulating a broad

range of interacting physical, chemical and biological processes aVecting the

transport of TEs in soils.

Although the HP1model can consider a broad range of interactions, it can

not simulate preferential flow and transport or colloid‐facilitated transport.

Although individual models do exist that can simulate either: (1) preferential

flow and transport, (2) colloid‐facilitated transport, or (3) a broad range of

interacting physical, chemical and biological processes, there is, to the best

of our knowledge, at present not a single model that could consider all these

processes and interactions simultaneously.

VII. SUMMARY AND CONCLUSIONS

In this chapter, we portrayed soils as a heterogeneous mixture of biotic (i.e.,

organic matter, organic residues including biosolids, xenobiotics, and pesti-

cides, plant roots and debris, soil animals including invertebrates,microbes and

microbial metabolites, and so on.) and abiotic (i.e., clay minerals, other alumi-

nosilicate minerals, salts, precipitates, miscellaneous inorganic materials such

as metals, coal residues, and mining residues, and so on) materials. In turn, TE

dynamics in soils is governed by biotic and abiotic processes, the latter includ-

ing complexation, adsorption–desorption, precipitation–dissolution, redox

reactions, and catalysis. In other words, soil is a dynamic system in which

continuous interaction takes place between soil minerals, organic matter, and

organisms. Each of these soil components influences the physicochemical and

biological properties of the terrestrial systems.

We then viewed the soil as a physicobiogeochemical filter of contaminants

either in a solute, particulate or colloidal form. Mechanisms moderating

biogeochemical sequestration of TEs indicate that sorption–desorption reac-

tions, especially in severely contaminated soils, largely regulate the extent of

partitioning, typically measured as Kd, in the soil‐solution matrix. Sorption

in this case includes precipitation, occlusion, and adsorption while desorp-

tion includes dissolution. These mechanisms are, in turn, moderated by
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certain factors, the most important of which include pH, OM, and chemical

speciation of the element. Biological processes augment the processes above

especially in typical surface soils and rhizosphere but may be limited in

severely contaminated environments due to biotoxicity to organisms. The

rhizosphere represents a microenvironment in soils where biological processes,

by virtue of root activity, root exudates and prolific microbial consortia can

assume an important role in TE dynamics. Microbes may bioaccumulate

and promote biosorption of TEs, with certain microorganisms mediating

redox transformation of multivalence elements such as Cr, As, Se, Fe, Mn,

and so on. In general, TE partitioning in soils is dependent on the element

type, chemical speciation of the element, and soil properties and conditions.

Thus the extent of partitioning in soils is rather diYcult to predict. However,

limited success in predicting adsorption on soil for B, Mo, Mn, and As has

been accomplished using surface complexation models.

When the capacity of the soil components to sequester TEs has become

limited, substantial amounts of these TEs can be desorbed, mobilized and

eventually transported through the soil profile, the vadose zone and ground

waters. Both organic (e.g., low‐molecular‐weight organic acids, such as

fulvic acids, and other organic acids from root exudates, decay of plant,

animal, and microbial tissues, microbial metabolites, and high‐molecular‐
weight organic acids such as humic acids) and inorganic (e.g., chlorides,

sulfates, nitrates, phosphates, and so on) ligands could promote TE dissolu-

tion/desorption and serve as transport vectors thereby enhancing leach-

ing through mass flow and diVusion. These ligands form soluble, stable

TE–ligand complexes that render them more mobile and bioavailable.

Although leaching plays only a minor role in the vertical transport of cationic

elements, it represents an important transport vector for anionic elements

such as Se, Cr, and As. Cationic elements move to significant vertical distances

only under rare, specific soil conditions such as acidic sandy soils or in

association with reactive, mobile colloids. Facilitated solute transport can

occur in the presence of highly reactive colloids of either organic, that is,

OM based, and inorganic (e.g., clay minerals, and so on) forms. In general,

transport of solutes, colloids, and particulates is enhanced under field,

structured soils with macropores or in cracked soils.

While there are models applicable to preferential and nonequilibrium

water flow and solute transport in structured soils and fractured rocks,

models dealing with the colloid transport and colloid‐facilitated solute

transport that consider complex reactions between colloids and the soil

solid phase, and the air–water interface, as well as between contaminant

and colloids in diVerent states (mobile and/or immobile), are being actively

developed. Also significant eVorts to combine variably saturated flow and

transport models with biogeochemical models (e.g., coupled HYDRUS‐1D–

PHREEQC) that can take into account various interacting geochemical and

biological reactions under variable conditions are underway. To the best of
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our knowledge, there are no models available at present that address all

these interactive processes in their full complexity. Additionally, further

integration of various types of models is necessary to address practical

problems in the transport of TEs in the subsurface environment. However,

advanced methodologies and techniques should precede such eVorts in order

to simplify and understand these complex processes and how they behave in

inherently heterogeneous subsurface environment and the stochastic nature

of boundary conditions in these systems.

In summary, understanding various physicobiogeochemical processes

and how they are aVected by certain factors such as pH, OM, and so on, is

necessary to predict TE partitioning in soils. Such more accurate prediction

of the TE behavior in the soil‐solution phase is vital to more accurately

predict the subsequent mobility and transport of these substances in the soil

profile and the subsurface environment. Advances in this field have become

imminent by virtue of the eVorts to couple the conventional variably

saturated flow and transport models with biogeochemical models with the

desire to address interactive, complex processes in heterogeneous systems.
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Jacques, D., Šimůnek, J., Mallants, D., and van Genuchten, M. Th. (2003). The HYDRUS‐
PHREEQC multicomponent transport model for variably‐saturated porous media: Code

verification and application. ‘‘MODFLOW and More 2003: Understanding through

Modeling,’’ Conference Proceedings (E. Poeter, Ch. Zheng, M. Hill, and J. Doherty, Eds.).

International Ground Water Modeling Center, Colorado School of Mines, 23–27.

Jacques, D., Seuntjens, P., Šimůnek, J., Mallants, D., and van Genuchten, M. Th. (2004).‘‘EVect

of Increased Salt Concentration on Cadmium Leaching in Acid Sandy Soils, European

Geosciences Union, Geophysical Research Abstracts, Volume 6, EGU first General

Assembly 2004, Nice, France, 25–30, 1607‐7962/gra/EGU04‐A‐02979.
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Comp. by: Skarthi Date:9/8/06 Time:18:53:06 Stage:1st Revises File Path://
Spsind002s/Production/PRODENV/0000000001/0000000942/0000000016/
0000088394.3D Proof by: QC by: ProjectAcronym:bs:AGRON Volume:91003

C
O
R
R
E
C
T
E
D
P
R
O
O
F

Lee, S.‐Z., Allen, H. E., Huang, C. P., Sparks, D. L., Sanders, P. F., and Peijnenburg,

W. J. G. M. (1996). Predicting soil‐water partition coeYcients for cadmium. Environ. Sci.

Technol. 30, 3418–3424.

Lee, C. G., Chon, H. T., and Jung, M. C. (2001). Heavy metal contamination in the vicinity of

the Daduk Au‐Ag‐Pb‐Zn mine in Korea. Appl. Geochem. 16, 1377–1386.

Legret, M., Divet, L., and Juste, C. (1988). Migration et speciation des metaux lourds dans un

sol soumis a des epandages de boues de station d’epuration a tres forte charge en Cd et Ni.

Water Res. 22, 953–959.

Li, Z., Ryan, J. A., Chen, J. L., and Al‐Abed, S. R. (2001). Adsorption of cadmium on biosolids‐
amended soils. J. Environ. Qual. 30, 903–911.

Lichtner, P. C. (1996). Continuum formulation of multicomponent‐multiphase reactive transport.

In ‘‘ReactiveTransport inPorousMedia,Reviews inMineralogy’’ (P. C. Lichtner, C. I. Steefel,

and E. H. Oelkers, Eds.), Chapter 1, Vol. 34, pp. 1–81. Mineralogical Society of America.

Lindsay, W. L. (1979). ‘‘Chemical Equilibria in Soils,’’ John Wiley and Sons, New York, NY.

Liu, F., Colombo, C., Adamo, P., He, J. Z., and Violante, A. (2002). Trace elements in

manganese iron nodules from a chinese alfisol. Soil Sci. Soc. Am. J. 66, 661–670.

Logan, B. E., Jewett, D. G., Arnold, R. G., Bouwer, E. J., and O’Melia, C. R. (1995).

Clarification of clean‐bed filtration models. J. Environ. Eng. 121, 869–873.

Lu, C. S. J., and Chen, K. Y. (1977). Migration of trace metals in interfase of seawater and

polluted surficial sediments. Environ. Sci. Technol. 11, 174–182.

Lund, L. J., Page, A. L., and Nelson, C. O. (1976). Movement of heavy metals below sewage

disposal ponds. J. Environ. Qual. 5, 330–334.

Ma, L. Q. Y. (1996). Factors influencing the eVectiveness and stability of aqueous lead immobi-

lization by hydroxyapatite. J. Environ. Qual. 25, 1420–1429.

Ma, Q. Y., Traina, S. J., Logan, T. J., and Ryan, J. A. (1993). In situ lead immobilization by

apatite. Environ. Sci. Technol. 27, 1803–1810.

Ma, Q. Y., Traina, S. J., Logan, T. J., and Ryan, J. A. (1994). EVects of aqueous Al, Cd, Cu,

Fe(II), Ni, and Zn on Pb immobilization by hydroxyapatite. Environ. Sci. Tech. 28,

1219–1228.

Maeda, M., and Bergström, L. F. (2000). Leaching patterns of heavy metals and nitrogen

evaluated with a modified tanks in series model. J. Contam. Hydr. 43, 165–185.

Mahimairaja, S., Bolan, N. S., Adriano, D. C., and Robinson, R. (2005). Arsenic contamination

and its risk and management in complex environmental settings. Adv. Agron. 86, 1–82.

Malla, P. B. (2002). Vermiculites. In ‘‘Soil Mineralogy with Environmental Applications’’ (J. B.

Dixon and D. G. Schulze, Eds.), pp. 501–529. SSSA Chapter 16. Book series, no. 7. WI.

Manning, B. A., and Goldberg, S. (1996). Modelling competitive adsorption of arsenate with

phosphate and molybdate on oxide minerals. Soil Sci. Soc. Am. J. 60, 121–131.

Matera, V., Le Hecho, I., Laboudigue, A., Tellierd, S., and Astruc, M. (2003). A methodological

approach for the identification of arsenic bearing phases in polluted soils. Environ. Pollut.

126, 51–64.

Martell, A. E. (1975). The influence of natural and synthetic ligands on the transport and

function of metal ions in the environment. Pure Appl. Chem. 44, 81–113.

Maskall, J. E., and Thornton, I. (1998). Chemical partitioning of heavy metals in soils, clays and

rocks at historical lead smelting sites. Water, Air Soil Pollut. 108, 391–409.

Mattigod, S. V., and Zachara, J. M. (1996). Equilibrium modeling in soil chemistry.

In ‘‘Methods of Soil Analysis: Chemical Methods, Part 3,’’ Chapter 44 (D. L. Sparks,

A. L. Page, P. A. Helmke, R. H. Loeppert, P. N. Soltanpour, M. Tabatabai, C. T. Johnson,

and M. E. Sumner, Eds.), pp. 1309–1358. SSSA Book Series no. 5.

Mayer, K. U., Frind, E. O., and Blowes, D. W. (2002). Multicomponent reactive transport

modeling in variably saturated media using a generalized formulation for kinetically

controlled reactions. Water Resour. Res., doi:10.1029‐/2001WR000682.

MECHANISMS AND PATHWAYS OF TE MOBILITY IN SOILS 171



Comp. by: Skarthi Date:9/8/06 Time:18:53:07 Stage:1st Revises File Path://
Spsind002s/Production/PRODENV/0000000001/0000000942/0000000016/
0000088394.3D Proof by: QC by: ProjectAcronym:bs:AGRON Volume:91003

C
O
R
R
E
C
T
E
D
P
R
O
O
F

McBride, M. (1989). Reactions controlling heavy metals solubility in soils. Adv. Soil Sci. 10,

1–56.

McBride, M. B., Richards, B. K., Stenhuis, T. S., Russo, J. J., and Sauvé, S. (1997a). Mobility
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